Interactive effects of climate
change and plant invasion on
alpine biodiversity and
ecosystem dynamics

Justyna Giejsztowt

M.Sc., 2013 University of Poitiers, France;
Christian-Albrechts University, Germany
B. Sc., 2010 University of Canterbury, New Zealand

A thesis submitted to Victoria University of Wellington in
partial fulfilment of the requirements for the degree of

Doctor of Philosophy
School of Biological Sciences

Victoria University of Wellington
Te Herenga Waka

2019






This thesis was conducted under the supervision of

Dr Julie R. Deslippe (primary supervisor)
Victoria University of Wellington

Wellington, New Zealand

And

Dr Aimée T. Classen (secondary supervisor)
University of Vermont

Burlington, United States of America






“May your mountains rise into and above the clouds.”

-Edward Abbey



Vi



Abstract

Drivers of global change have direct impacts on the structure of communities and functioning of
ecosystems, and interactions between drivers may buffer or exacerbate these direct effects.
Interactions among drivers can lead to complex non-linear outcomes for ecosystems,
communities and species, but are infrequently quantified. Through a combination of
experimental, observational and modelling approaches, | address critical gaps in our
understanding of the interactive effects of climate change and plant invasion, using Tongariro
National Park (TNP; New Zealand) as a model. TNP is an alpine ecosystem of cultural
significance which hosts a unique flora with high rates of endemism. TNP is invaded by the
perennial shrub Calluna vulgaris (L.) Hull. My objectives were to: 1) determine whether species-
specific phenological shifts have the potential to alter the reproductive capacity of native plants
in landscapes affected by invasion; 2) determine whether the effect of invasion intensity on the
Species Area Relationship (SAR) of native alpine plant species is influenced by environmental
stress; 3) develop a novel modelling framework that would account for density-dependent
competitive interactions between native species and C. vulgaris and implement it to determine
the combined risk of climate change and plant invasion on the distribution of

native plant species; and 4) explore the possible mechanisms leading to a discrepancy in C.
vulgaris invasion success on the North and South Islands of New Zealand. | show that species-
specific phenological responses to climate warming increase the flowering overlap between a
native and an invasive plant. | then show that competition for pollination with the invader
decreases the sexual reproduction of the native in some landscapes. | therefore illustrate a
previously undescribed interaction between climate warming and plant invasion where the
effects of competition for pollination with an invader on the sexual reproduction of the native
may be exacerbated by climate warming. Furthermore, | describe a previously unknown pattern
of changing invasive plant impact on SAR along an environmental stress gradient. Namely, |
demonstrate that interactions between an invasive plant and local native plant species richness
become increasingly facilitative along elevational gradients and that the strength of plant

interactions is dependent on invader biomass. | then show that the consequences of changing
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plant interactions at a local scale for the slope of SAR is dependent on the pervasion of the
invader. Next, | demonstrate that the inclusion of invasive species density data in distribution
models for a native plant leads to greater reductions in predicted native plant distribution and
density under future climate change scenarios relative to models based on climate suitability
alone. Finally, | find no evidence for large-scale climatic, edaphic, and vegetative limitations to
invasion by C. vulgaris on either the North and South Islands of New Zealand. Instead, my
results suggest that discrepancies in invasive spread between islands may be driven by human
activity: C. vulgaris is associated with the same levels of human disturbance on both islands
despite differences in the presence of these conditions between then islands. Altogether, these
results show that interactive effects between drivers on biodiversity and ecosystem dynamics
are frequently not additive or linear. Therefore, accurate predictions of global change impacts
on community structure and ecosystems function require experiments and models which
include of interactions among drivers such as climate change and species invasion. These
results are pertinent to effective conservation management as most landscapes are

concurrently affected by multiple drivers of global environmental change.
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1 Introduction

e

Mt. Ngauruhoe and Pukekaikiore tower over the Mangatepopo valley in Tongariro National
Park. In the foreground, Calluna vulgaris (pink) encroaches into a diverse native community.

Giejsztowt, 2017



Global change alters ecosystems

Anthropogenic alterations to the environment are causing the sixth major extinction of life on
Earth with global extinction rates 100 - 1000 times higher than pre-Anthropocene estimates
(Chapin et al. 2000). Biodiversity losses are a result of numerous drivers of global
environmental change (hereafter: “global change”), such as land use change, growing
atmospheric concentrations of greenhouse gasses, increased global mobility of organisms and
increased concentrations of bioavailable nitrogen (Vitousek et al. 1997, Chapin et al. 2000,
Mack et al. 2000, Vila et al. 2011). In addition to loss of biodiversity, the ecological impacts of
these environmental stressors include shifts in ecosystem structure and functioning.
Consequently, services provided by ecosystems that are important to the wellbeing of people
are also threatened by global change (Costanza et al. 1997). Ecosystem responses to global
change are inconsistent and non-linear (Chapin et al. 2000, Vila et al. 2011). With interactions
possible between all drivers of global change, this dissertation focusses on contributing to

scientific knowledge on the interaction between climate change and plant invasion.

Human activities, since the beginning of the industrial revolution, have dramatically
increased atmospheric concentrations of greenhouse gasses such as carbon dioxide and
methane which are linked with changes in global climatic patterns (Vitousek et al. 1997, Chapin
et al. 2000, Isaac and Williams 2013). In terrestrial ecosystems, climate change is likely to have
significant impacts on temperature, precipitation patterns and snow and ice cover, as well as
the severity and frequency of extreme weather events such as El Nifio (IPCC 2014). The
Intergovernmental Panel on Climate Change (IPCC) predicts with high certainty that global
mean temperatures will rise by at least 1.5°C by 2100 relative to pre-industrial levels (IPCC
2014). The Earth’s climate has already warmed by approximately 0.6°C over the last century
(Walther et al. 2002). Such rates of change far exceed those recorded over the last 10,000 years
(Isaac and Williams 2013). These trends are important in regards to ecological systems as
climatic variables are crucial determinants of species diversity and distributions, and affect the
provision of ecosystem services (Flanagan et al. 2013). There is substantial evidence that
ecological systems are responding to recent climatic change (Walther et al. 2002, Parmesan and

Yohe 2003, Parmesan 2006). Recorded changes and predicted future changes include



distributional shifts (Brusca et al. 2013), shrinking habitats in alpine areas (Halloy and Mark
2003), altered biogeochemical cycling (Chapin et al. 2000) altered phenology (Arroyo et al.
2013) and shifts in community composition and species interactions (Walther et al. 2002).
These responses result in exacerbated extinction risk for non-random species (Isaac and
Williams 2013). While some effects of climate change on the structure and function of plant
communities are recorded consistently across ecosystems, the consequences of these changes
for biodiversity and key ecosystem services are uncertain in many cases (Walther et al. 2002,
Lal 2004, Schweiger et al. 2012, Coleman 2013, Mohan et al. 2014). This is partially because
climate change affects regions asymmetrically and because species within systems respond

idiosyncratically (Walther et al. 2002).

Invasive plant species are common in many ecosystems (Mack et al. 2000) and the rates
of species invasions are accelerating globally (Horvitz et al. 2017). Invasive plants are a subset of
the non-native species in a recipient environment — those which spread and become
ecologically or economically detrimental (Simberloff 2009, Ehrenfeld 2010, Pairon et al. 2010).
The likelihood of plant invasion is explained, in part, by the characteristics of the species and of
the recipient ecosystem (Theoharides and Dukes 2007). There are four stages to the invasion
process — transport, colonisation, establishment and spread; different plant traits of the non-
native species and filters in the recipient ecosystem contribute to the success of the invasive
species at each stage (Theoharides and Dukes 2007). Plant invasions typically affect ecological
systems by decreasing the abundance and diversity of native plant species, increasing primary
production and altering several other ecosystem processes (Vila et al. 2011). However, the
ecosystem impacts of invasive species are notoriously inconsistent in magnitude and direction
among ecosystems and can be dependent on the functional identity of the invasive species
(Theoharides and Dukes 2007, Vila et al. 2011). Invasive species alter ecosystems by diverting
energy or biochemical flows, altering fundamental ecosystem qualities, competing directly with
other plant species for resources, or by disrupting existing mutualisms, amongst other
mechanisms (Chapin et al. 2000, Chittka and Schurkens 2001, Brown et al. 2002). Further,
impacts of invasive species may vary within ecosystems depending on the scale of investigation

(Chase and Knight 2013, Powell et al. 2013, Rejmanek and Stohlgren 2015, Chase et al. 2018).



Non-linear interactions between climate warming and species invasions

Few, if any, ecosystems are subject to pressure from a singular driver of global change
acting in isolation. On the contrary, dramatic transformations of ecosystems are often the
result of multiple drivers of global change acting synergistically (Walther et al. 2002,
Theoharides and Dukes 2007, Tylianakis et al. 2008, Hoover et al. 2012, Root et al. 2013). While
climate warming is likely to directly alter ecosystem structure and function, indirect effects of
warming that are mediated through species interactions (Gonzalez-Varo et al. 2013, Classen et
al. 2015, Farrer et al. 2015) or involve interactions with other drivers of global change (Brook et
al. 2008, Root et al. 2013) are predicted to be the greatest threat to biodiversity and ecosystem
functioning globally. For example, climate change may facilitate species invasions by reducing
the resilience of existing plant communities (MacDougall and Turkington 2005, Sheppard et al.
2016), facilitate species establishment (Walther et al. 2002) or alter competitive conditions
between native and existing invasive species (Schweiger et al. 2010, Sheppard et al. 2016).
Conversely, plant invasions may buffer ecosystems from climate change driven extinctions, for
example by providing additional connectivity in mutualistic networks (Schweiger et al. 2010).
None-the-less, species extinctions attributed to global warming are often driven by synergisms
with invasion, and commonly occur through exacerbated competitive pressure (Brook et al.

2008).



Global change in alpine ecosystems

Alpine ecosystems are vulnerable to climate change (Koérner et al. 2011, Seddon et al.
2016) because these systems are predicted to be subject to particularly high rates of warming
(Callaway et al. 2002). Climate change alters temperature and precipitation regimes, which
directly drive alpine biodiversity patterns (Engler et al. 2011). There is ample evidence of global
change effects in alpine ecosystems. Rising tree and shrub lines are a prominent response to
rapid climatic change in these ecosystems (Danby and Hik 2007, Seddon et al. 2016). The
distribution of alpine species are shifting upslope globally at a rate of 6.1m decade (Parmesan
and Yohe 2003). Alpine ecosystems might be particularly affected by climatic change because
alpine habitats are fragmented, and as the climate warmes, high alpine species tracking colder
climates in a warming world may lack an “escape route” (Halloy and Mark 2003). However, the
role of climate change in alpine ecosystems is debated, as high topographic variability may
buffer these ecosystems from climate change driven effects; this complexity makes predictions
for alpine ecosystem responses to climate change particularly difficult (Ashcroft et al. 2012,
Korner 2013, Lord et al. 2018). For example, alongside climate warming, climate change
models indicate that windspeed and direction are likely to change in New Zealand (Ministry for
the Environment 2018). Climate change driven alterations to wind speed may interact with
complex topography to alter snow cover patterns, a crucial determinant of local abiotic
conditions and therefore biodiversity patterns (Inouye et al. 2000, Winstral et al. 2002, Lord et
al. 2018). Further, climate warming may occur asymmetrically across the year, and species may
respond idiosyncratically to alterations in summer and winter temperatures (Bokhorst et al.
2012). Alpine plant species typically exhibit extreme phenotypic plasticity that may preclude
high species extinction rates (Lord et al. 2018). However, even plastic responses may be
insufficient to guarantee a species’ survival, if, for example, species’ phenology responds

primarily to inappropriate cues (Inouye 2008).

Species invasions are historically unimportant in alpine ecosystems (Alexander et al.
2016), however, rates of invasion are increasing due to rising propagule pressure driven by road
development and other human activities (Dainese et al. 2017). Additionally, climate warming is

increasing colonisation by species that were historically excluded from alpine areas by harsh



abiotic conditions (Gottfried et al. 2012). In addition to invasions of exotic plants, colonisation
of alpine ecosystems by lowland species is facilitated by climatic change (Vittoz et al. 2013,
Alexander et al. 2016). Colonisation of both exotic and lowland species leads to an increase in
species richness in high alpine zones (Vittoz et al. 2013) as well as species homogenisation
among alpine areas (Jurasinski and Kreyling 2007). Understanding interactions among global
change drivers and indirect effects mediated by species interactions is crucial if we are to

predict the diversity and function of alpine ecosystems in the future (Lord et al. 2018).

Alpine ecosystems

The defining feature of mountain ecosystems is their geomorphic steepness (Kérner et
al. 2011). Alpine areas are those portions of mountain ecosystems that lie above the climatic
treeline in non-arctic areas (Bliss 1962, Mark 2012). Vascular plants typically occur to about
1000-1500m above the treeline (Kérner 2013) and plant communities are structured into
bioclimatic bands, driven by temperature lapse rates along elevational gradients (Kérner et al.
2011). Consequently, alpine biomes host high environmental heterogeneity over small
geographic areas (Korner et al. 2011). Microhabitats are an important feature of all alpine
ecosystems because relief, exposure and slope interact with wind and solar radiation to create
differences in soil moisture, soil quality and temperature over fine scales (Kérner 2013). For this
reason, despite similarities with arctic tundra, alpine flora have significantly higher species
richness (Korner 2013). Notably, alpine ecosystems occupy only 5% of the world’s land area and
harbour approximately 10,000 plant species (Cavieres et al. 2014). Harsh environmental
conditions, repeated historical glacial disturbance and geomorphological constraints exclude
many species that are maladapted to alpine conditions (Cavieres et al. 2014) resulting in a flora
which is often highly endemic to alpine zones. Abiotic conditions vary among alpine
ecosystems, but typically include extreme cold, high temperature variability, intense solar
radiation and soil instability driven by erosion and frost heave (Bliss 1962). Therefore, alpine
ecosystems are typified by specialized, hardy, slow growing, low stature vegetation (Kérner
2013). At high elevation, abiotic restrictions become an increasingly important driver of species
occurrence patterns. Consequently, the Stress Gradient Hypothesis (SGH) postulates that the

role of plant-plant facilitation becomes increasingly significant with elevation (Cavieres et al.



2014). In fact, high elevation nurse plants, such as cushion growth forms, may be important for

global scale species richness patterns (Callaway et al. 2002, Cavieres et al. 2014).

Alpine ecosystems provide critical services to humans, particularly through water
provision and regulation (Beniston 2003) and diverse alpine plant communities contribute to
the stability and quality of this resource through soil stabilisation (Pohl et al. 2009).
Approximately 40% of the human population relies on water from mountain watersheds
(Beniston 2003). Additional ecosystem services include recreational activities, energy, mineral
resources, grazing land and forestry (Beniston 2003, Kérner 2013). Despite these services,
alpine zones are not equally studied globally; studies of the alpine flora are disproportionately

based in Europe (Abbott 2008).

Alpine New Zealand

There are approximately 700 vascular taxa above the treeline in Aotearoa, New Zealand
(Mark 2012). Many are endemic (93%), with woody plants having the highest rates of
endemism (McGlone et al. 2001). While some floral taxa in New Zealand are Gondwanan
relicts, most taxa originate from long distance dispersal events, notably from the Antarctic
continent (Mark 2012) or more recently, during the Late Miocene and early Pleistocene period,
from Australia (McGlone et al. 2001). Taxa originating from Australia are often derived from
tropical and subtropical ancestral lineages which have adapted to a cooling climate (McGlone et
al. 2001). Some genera also have South American or Northern Hemisphere origins (Mark 2012).
The endemic alpine flora of New Zealand is young, having evolved to alpine conditions after the
rapid uplift of the Southern Alps 4 Mya (McGlone et al. 2001, Winkworth et al. 2005, Mark
2012). During the late Oligocene, submergence of the New Zealand archipelago reduced the
land area to approximately ~20% of its current size, and together with recent glacial-interglacial
cycles, has promoted speciation and regional endemism patterns as well as species range
disjunctions (McGlone et al. 2001). Several genera have undergone species radiations in New
Zealand, notably the Celmisia, Chionochloa, Ranunculus, Epilobium, Aciphylla, Ourisia genera
and the Hebe complex (Scrophulariaceae) (Mark 2012). Consequently, the New Zealand flora is

highly endemic at the species level (~82% of vascular plant species), but generic endemism



rates are substantially lower (~¥10%) and there are no known endemic vascular plant families

(McGlone et al. 2001, Winkworth et al. 2005).

There are several distinctive features of the New Zealand flora — notably, paucity of
annual plants, and high levels of gender dimorphism and small seeds (McGlone et al. 2001).
These characteristics reflect dispersal selection and despecialisation upon arrival. For example,
the New Zealand alpine flora generally has a high preponderance of white, and infrequently
yellow, flowers (Campbell et al. 2010) which are pollinated by generalist insect species
belonging to many taxa (Primack 1983). Further, the New Zealand alpine flora encompasses
many examples of “insular woodiness” (notably Carmichaelia and Veronica genera), where
ancestral herbs that are disproportionately represented in trans-oceanic dispersal events
evolve into shrubs and trees (McGlone et al. 2001). Another interesting characteristic of a
number of alpine taxa is irregular sexual reproduction (Mark 2012). For example, Chionochloa,
Nothofagus and Aciphylla are all masting genera. Conversely, many traits are rare in the New
Zealand flora relative to global trends: deciduous leaves, complex or specialised flowers, annual
habit, ant dispersal and fire-release germination (McGlone et al. 2001). The climatic history of
recent glacial-interglacial cycles has resulted in little specialisation to cold climates.
Consequently, tree lines in New Zealand are lower than in other regions (McGlone et al. 2001).
As in many alpine systems, the New Zealand alpine flora is strongly structured by climatic
factors, especially altitude (Wilson and Meurk 2011). Species with a large spatial distribution
tend to have larger altitudinal and climatic tolerances and have better dispersal ability

(McGlone et al. 2001). However many species are specialists of habitats or regions (Mark 2012).



Tongariro National Park

Tongariro National Park (TNP) is a UNESCO natural and cultural heritage site (Baird
2013) situated on the central volcanic plateau of the North Island of New Zealand (-39.25°N,
175.58°E). The park encompasses three large volcanoes (Ruapehu, 2793m; Ngauruhoe, 2290m;
Tongariro 1986m), which reached their present height during the Pleistocene (Mark 2012).
Presently, the volcanoes contribute to significant rain shadow effects (Mark 2012). This
volcanic history results in dark sandy-loam and loamy-sand soils with poor drainage (Chapman
and Bannister 1990) that are highly porous and prone to erosion (Mark 2012). TNP provides
habitat for a diverse native alpine plant community (Halloy and Mark 2003) which is
predominantly indigenous to New Zealand (Wardle 1991), with many subspecies occurring
exclusively within the park (Chapman and Bannister 1990, Rogers and Leathwick 1996). Native
forests within the park are dominated by Nothofagus solandri var. cliffortioides (= Fuscospora
cliffortioides; for taxonomic discussion see: Hill et al. 2015) and the natural treeline occurs at
~1500m on Ruapehu (Mark 2012). N. solandri forests were extensive throughout the park
before the arrival of humans ~1000 years BP (Rogers and Leathwick 1996). However, the
realised treeline is significantly lower than the climatic treeline in most parts of the park
(<1300m, restricted to the south-west of the park; Rogers and Leathwick, 1996). TNP has a high
disturbance history resulting from volcanic activity, erosion and anthropogenic burning (Keesing
1995, Mark 2012). The vegetation of TNP is currently highly heterogeneous, being a product of
orographic rainfall patterns, elevational patterns and disturbance (Atkinson 1985). The

permanent snowline on Mt Ruapehu is (~2400m) (Mark 2012).

At low elevations, where forest is absent, scrubland is prevalent, with substantial
Dracophyllum spp., Leptospermum scoparium and Phyllocladus alpinus components (Rogers
and Leathwick 1996). In more recently disturbed areas, Chionochloa rubra grassland
predominates. Above ~1200m, two vegetative communities are common: those with an intact
ash layer, and loose gravel fields where the ash has been eroded (Rogers and Leathwick 1996).
The former hosts extensive Gleichenia dicarpa and Empodisma minor bogland, as well as
Lepidothamnus laxifolius, Veronica odora, V. tetragona, Halocarpus bidwilli and Epacris alpina,

which additionally acquires substantial components of Dracophyllum spp., Podocarpus nivalis


https://en.wikipedia.org/wiki/%E2%89%A1_(disambiguation)

and P. alpinus as the community succeeds to scrubland. In contrast, the gravelfield are
susceptible to frost heaves and are typified by sporadic Dracophyllum recurvum, Gaultheria
colensoi and Lepidothamnus laxifolius, that consolidate the soil (Rogers and Leathwick 1996).
The grasses C. rubra, Rytidiosperma setifolia as well as the moss Racomitrium lanuginosum are
common in these communities. The Rangipo desert, located in the east of the park, is typified
by ‘frost-flat’ communities (Smale 1990). This area is susceptible to temperature inversions
caused by cold air drainage and pooling, and C. rubra grasslands or Dracophyllum subulatum
scrubland are prevalent (Smale 1990). A diverse herb and low stature shrub community is
additionally present at all elevations in the alpine zone, including species that are widespread
throughout New Zealand, such as Anisotome aromatica, but also many species endemic to the

central North Island, such as OQurisia vulcanica (Mark 2012).
Global change in the park

Higher than global mean rates of anthropogenic climate change have been recorded in
parts of New Zealand; TNP is currently 1.5°C warmer and drier (-5mm of rain/year) than it was
50 years ago (IPCC 2014). Median annual air temperature on the lowlands of the central
volcanic plateau is 9°C and decreases with elevation (Chappell 2015). Alpine plant communities
in TNP are at particularly high risk from climate change as this alpine habitat is relatively small
in extent and is isolated from other alpine areas (Halloy and Mark 2003). The North Island
alpine ecosystem comprises of 87 separate areas above 1000m; with a 3°C temperature rise,
only 6 would retain conditions allowing the persistence of alpine communities (Halloy and Mark
2003). A growing lack of true alpine areas on the North Island as temperatures rise accords TNP
a crucial role in the conservation of alpine biodiversity on the North Island. Other than
predictions based on findings in other alpine ecosystems, very little is known about ecosystem
responses to climate change in TNP. In New Zealand, it is predicted that up to 300 alpine plant

species could be at risk under climate predictions of a 3°C increase (Halloy and Mark 2003).

Alongside climate warming, a major driver of ecological change in TNP is Calluna
vulgaris (L.) Hull (European heather; Ericaceae) invasion (Chapman and Bannister 1990, Rogers

and Leathwick 1996). In fact, New Zealand generally is identified as a future invasion hotspot
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(Sheppard et al. 2016). C. vulgaris was intentionally introduced to the park in 1912 (Rogers and
Leathwick 1996); from 1912 to the 1922, multiple intentional introductions and active plantings
from a variety of European source populations were made (Keesing 1995). By 1991, C. vulgaris
occupied about 1/3 of the surface of the park (Keesing 1995) and occurred in all plant
community types from 600 to 1600m (Chapman and Bannister 1995). C. vulgaris is an
evergreen woody dwarf shrub (Watt 1955) native to Europe, with a distribution from Southern
Spain to Scandinavia, and from the Azores to the Urals (Rendell and Ennos 2002). A number of
C. vulgaris cultivars are protected in Europe, where C. vulgaris is an integral part of culturally
important heathland ecosystems that are in decline (Mahy et al. 1999). C. vulgaris is a
generalist in habitat selection (Watt 1955). C. vulgaris is also a generalist in its pollinator
interactions and is both wind and insect pollinated (Descamps et al. 2015). Further, it forms
facultative (Bannister and Norton 1974) ericoid mycorrhizas with generalist fungal partners
(Johansson 2001). Finally, although C. vulgaris prefers acidic soils, its edaphic requirements are
broad relative to many plant species (Walker et al. 2007, Fihner and Runge 2009). C. vulgaris
produces large numbers of small (5-8mm length), bell-shaped, tetramerous flowers in late
summer (Chapman and Bannister 1995, Descamps et al. 2015). C. vulgaris is a diploid, cross
pollinating plant (2n = 16) (Behrend et al. 2013). The species produces small seeds and can
achieve 108 seeds m2yr?! (Miller and Cummins 2001, Soons and Bullock 2008). Chloroplast DNA
(CpDNA) data as well as allozyme data indicate that C. vulgaris populations within its native
range are genetically structured (Mahy et al. 1999, Rendell and Ennos 2002). However, genetic

diversity in this species may be relatively low (Behrend et al. 2013).

C. vulgaris invasion has driven a decline in many native plant species and may reduce
species richness (Keesing 1995). New Zealand'’s insular flora makes it particularly susceptible to
plant invasions generally (Sheppard et al. 2016). In TNP, C. vulgaris has outcompeted the
previously dominant tussock grass — C. rubra — in many parts of the park, particularly below
1200m (Rogers and Leathwick 1996). This is partially because conditions in inter-tussock spaces
are ideal for seed establishment (Chapman and Bannister 1990). Species that may be
particularly vulnerable are inter-tussock species such as dwarf shrubs (Coproma cheesemanii,

Copromsa perpusilla and Dracophyllum recurvum) and herbs (Anaphalioides bellidioides and
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Celmisia spectabilis) (Chapman and Bannister 1990). Conversely, some native plant species are
favoured by C. vulgaris invasion (Viola filicaulis, Aciphylla sigurrosa, Hydrocotyle novae-
zealandia var montana, amongst others; Chapman and Bannister 1990). C. vulgaris invasion
also affects insect assemblages (Keesing 1995). Ecosystem responses to the invasion of this
species are unsurprising given that C. vulgaris is known to achieve aboveground biomass of up
to 4.8kg m2 (Keesing 1995). C. vulgaris occupies a large volume of space with densely packed
biomass in these communities, and has a more complex above-ground architecture than native
species (Keesing 1995). C. vulgaris continues to spread within the park (Chapman and Bannister
1990), particularly east (Rogers and Leathwick 1996) and increasingly out of TNP (Keesing
1995). Management of this species has included the introduction of a biocontrol agent, the
heather beetle (Lochmaea suturalis), which reduces C. vulgaris biomass locally (Syrett et al.

2000).

Maori as kaitiaki in the park

One way in which ecological systems provide value to people is through cultural
services, often by sustaining species of cultural significance (Costanza et al. 1997). Ecosystems
can be especially important to indigenous peoples with long histories of interactions with the
landscape (Gadgil et al. 1993). Consequently, preserving cultural heritage is an important axis of
environmental conservation (Satterfield et al. 2013). The importance of cultural preservation in
TNP is significant, and the park was initially established on the basis of a gift made by Te
Heuheu Takino IV Horonuku of Ngati TGwharetoa to the Crown (Baird 2013). Approximately
2640 ha of land around the summits of Tongariro, Ngauruhoe and Ruapehu were ceded in
1887; the original gift to the Crown was expanded to include 80,000 ha (Baird 2013). TNP holds
spiritual, cultural, and ancestral meaning for local tangata whenua (the people of the land). The
iwi (tribes) Ngati Rangi and Ngati Tiwahretoa are kaitiaki (guardians) over the park (Baird 2013)
and have a long history of participation in environmental conservation in the park. In New
Zealand, co-management is a legal requirement (Taiepa et al. 1997). In accordance with the
Department of Conservation management plan, conservation in TNP should “...engage in
regular, active, and meaningful consultation with iwi” (The Team of Tongariro/Taupo

Conservancy 2006).
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Much of my thesis work was carried out in collaboration with Ngati Rangi (a southern
Ruapehu iwi), the University of Copenhagen (Denmark), and the Department of Conservation.
In 2016, we jointly secured the Ministry of Business, Innovation and Employment - Vision
Matauranga Capability Fund to develop new expertise and tools to address significant
challenges to conservation management. Our collaboration aimed to restore our capacity to act
as kaitiaki of TNP by strengthening the connections between Ngati Rangi and the science
underpinning conservation management in the park. Our research had three goals: 1) to
increase the accessibility of Matauranga Maori (traditional Maori knowledge) and scientific
knowledge of taonga tipu (culturally important plant species) to all people. This was achieved
locally through effective outreach with the community, and globally through the creation of
new web-based materials; 2) using species distribution modelling techniques, we generated
new understanding of how taonga tipu will cope with multiple drivers of ecosystem change,
identifying species at increased risk of extinction. This information is critical for the
development of effective conservation management plans for the kaitiakitanga (guardianship)
of the taiao (the environment) ; 3) through hands-on collaboration and involvement, the
project built expertise among individual Ngati Rangi members, strengthening connections
between Ngati Rangi and conservation science and management through building capacity for
Ngati Rangi to contribute to effective kaitiakitanga of taonga (treasures) for the benefit of all

New Zealanders.
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Approaches to understanding global change impacts on ecosystems

Many lines of evidence are used to ascertain the responses of ecosystems to global
change drivers (Halloy and Mark 2003, Parmesan 2006). Here, | discuss four relevant methods
which are used to empirically study ecological responses to global change — the use of long-
term monitoring, field surveys, manipulative experiments and spatially explicit modelling
techniques. | focus on the use of these technique in the study of climate change and species
invasions. | conclude with the role of reviews and meta-analyses in understanding ecosystem

responses to global change.

Historical data

The comparison of current and historical data is an important line of evidence for
ecological responses to global change drivers (Parmesan 2006) because many ecosystem
processes operate over long time scales (McLaren and Turkington 2011). For example, Brusca et
al. (2013) re-surveyed an established elevational transect after five decades and measured a
dramatic response of the plant community to recent climatic change. Long term monitoring,
through the use of photo points and permanent plots also provides ample evidence for change
in natural ecosystems (Halloy and Mark 2003). Alternatively, the use of herbarium records can
allow researchers to determine shifts of plant species distributions or phenology (Gallinat et al.
2018). However, the use of long-term datasets is hampered by data availability. Further, long
term data are particularly skewed towards Northern Hemisphere ecosystems and small
geographic scales, limiting their applicability to questions at larger spatial scales (Parmesan
2006). Finally, long-term data collections and the comparison of current and historical data
provides correlative evidence of ecosystem responses to drivers of change, however changes of

ecosystems may reflect responses to other sources of disturbance (Halloy and Mark 2003).
Observational studies

The response of plant communities to global environmental change is often investigated
by surveying the natural biological variability in ecosystems (Parmesan 2006, Hector and Loreau
2007). For example, the use of abiotic gradients with statistical tools to understand the

responses of species to climatic conditions has a long-standing history in ecology (Grinnell 1917,
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Whittaker 1967, Callaway et al. 2002, Kérner 2007, Michalet et al. 2014). Observational studies
have the benefit of realism relative to more reductionist experimental approaches. Further,
observational studies permit the investigation of processes which may occur at spatial and/or
temporal scales which are irreplicable experimentally. Comparisons of vegetative communities
along elevational gradients are therefore often used in lieu of climate manipulations (Michalet
et al. 2014). Elevational gradients result in consistent abiotic variability over small geographic
areas, enabling studies comparing the ecology of species or communities under different
environmental stress conditions (Korner 2013). For example, the nature of species interactions
along elevational gradients underpins our understanding of the role of competitive and
facilitative interactions in determining patterns of species coexistence and diversity (Callaway
et al. 2002). Spatial co-occurrence of species along elevational gradients is used to determine
the nature of plant-plant interactions under variable abiotic conditions (Dvorsky et al. 2013,
Grassein et al. 2014, Kikvidze et al. 2015). Further, co-occurrence can inform our understanding
of plant community dynamics; for example, Spasojevic and Suding (2012) inferred multiple
community assembly processes from functional diversity patterns. Patterns of plant species co-
occurrence are also routinely used to estimate niche width (Manthey and Fridley 2009) and
used to infer the capacity of species to adapt, genotypically or phenotypically, to climate
change (Grassein et al. 2014). Ecosystem function is also analysed along abiotic gradients to
examine its sensitivity to abiotic conditions. For example, plant-pollinator interactions vary with

environmental stress (Theobald et al. 2016).

Many gradients other than elevation are used in conjunction with surveys to infer
ecosystem responses to drivers of global change. For example, the comparison of the numbers
of invasive plant species in reserves with different characteristics (Timmins and Williams 1991),
with variable climatic or human disturbance conditions (Gallardo et al. 2015), or in proximity to
known vectors of transport (Joly et al. 2011) allow researchers to ascertain the relative
importance of factors facilitating plant invasions. Likewise, surveys of native plant communities
are conducted at invasion fronts to deduce the impact of invasive species on native
communities. These surveys typically compare paired plant communities that are invaded and

uninvaded (Powell et al. 2013). Data on species presence is most commonly collected in
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vegetative surveys; abundance data is more informative in many cases but is scarcer (Ransijn et

al. 2015, Bradley et al. 2018).

Experimental approaches

Manipulative experiments at small scales are a powerful way of investigating
mechanisms of ecosystem response to global change (Halloy and Mark 2003). Field experiments
reflect a trade-off between keeping all confounding factors constant, thereby unambiguously
demonstrating ecological mechanism, and the ecological realism of non-manipulative
experiments (such as vegetative surveys; Hector and Loreau 2007). In such experiments, global
change drivers are simulated in various ways and are compared to control communities. For
example, Arroyo et al. (2013) used a field warming experiment to show that the phenotypic
plasticity of flowers under altered temperature conditions allowed plants to maximize their
pollination opportunities. Passive Open Top Chambers (OTC) are a commonly implemented
experimental methodology used to simulate climate warming; the response of many aspects of
plant ecology can be monitored within OTCs (Marion et al. 1997, Arroyo et al. 2013). The OTC
approach has been criticised for underpredicting the magnitude of response (Wolkovich et al.
2012). However, OTCs remain an important research tool in global change ecology (Wolkovich
et al. 2012). OTCs are less disruptive and expensive than alternative methods of temperature
manipulation (Marion et al. 1997). As with climate change, the impact of invasive species can
also be deduced using field experiments. Species removal experiments are particularly useful in
exploring species interactions (Hector and Loreau 2007) because they can be used in
ecosystems dominated by perennial species where artificial communities are difficult to create
(McLaren and Turkington 2011). Most commonly, the magnitude of species interactions is
deduced from biomass compensation following the removal of a species or functional group of
interest. Strong biomass compensation responses in a plant community following the removal
of functional groups illustrate the importance of species interactions with those functional
groups in structuring ecosystems (McLaren and Turkington 2011). Species removal experiments
have also been used to interpret the role of biodiversity in the functioning of ecosystems
(Callaway et al. 2002, Wardle and Zackrisson 2005). Many manipulations other than removal

are used to investigate ecological responses to invasion. For example, the addition of invasive
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flowers and monitoring the effect on the pollination success of native species can indicate the
potential ecological consequences of invasions for the reproduction of native plants (Chittka
and Schurkens 2001, Brown et al. 2002). Similarly, the removal of pollinator access to flowers
can illustrate the relative importance of pollination services and other sources of sexual

reproductive failure (Da Silva et al. 2013).

Manipulative experiments have limitations. For example, experiments can inadvertently
create unintended consequences that may precipitate to potentially unwanted experimental
artefacts (Marion et al. 1997). Additionally, responses of ecosystems may vary with the
duration of the manipulation (Chapin and Shaver 1996, McLaren and Turkington 2011),
reflecting the natural lags in some ecosystem responses. Consequently, long-term experiments
are particularly important (Laliberte et al. 2013). Despite their limitations, field experiments are
a key tool in testing mechanisms in complex ecosystems and the interpretation of experimental
results drives many aspects of ecological theory (Loreau 2000). The strength of field
experiments can be bolstered by replicating experimental design at multiple sites (Hector and

Loreau 2007).
Modelling

Forecasting the responses of ecosystems to global change is an important task for global
change biologists and conservationists (Clark et al. 2001). For this reason, spatially explicit
models, and in particular Species Distribution Models (SDM), which allow for predictions of
ecological conditions resulting from global change are an area of rapid development in the
literature (Beaumont et al. 2008, Fordham et al. 2014). Predictive distribution models and
techniques are developing rapidly to produce more accurate predictions of species’
distributions (Caughley et al. 1988, Guisan and Thuiller 2005, Elith et al. 2006). This growing
area of study is galvanised, in part, by the increasing availability of spatially explicit species
occurrence data and high-resolution environmental data. SDMs derive from ecological niche
theory and gradient analysis (Franklin 1995). SDMs have many applications and have been used
to predict the future range expansion of invasive species (Mainali et al. 2015) to quantify the

risk of plant invasion into mountain ecosystems (Petitpierre et al. 2016) or to identify which
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species will be vulnerable to climate change (Watling et al. 2013). SDMs consistently predict
high species turnover and significant reductions in plant diversity under future climate
scenarios (Engler et al. 2011) as well as alterations of invasive species’ distributions (Bellard et

al. 2018).

There are two common approaches to the construction of SDMs: models are generally
either correlative or mechanistic (Buckley et al., 2010). Correlative approaches (such as climate
envelope models) create statistical relationships between current distributions and
environmental conditions (Lavergne et al. 2010, Watling et al. 2013). Climate envelope models
are prolific (Aradjo and Guisan 2006, Nogués-Bravo 2009) and typically require data on the
presence and absence of a species and a spatially explicit description of environmental
conditions over the corresponding geographical range (Lavergne et al. 2010). They do not factor
in other variables that could delineate species distributions, such as habitat availability,
fragmentation and competition and often omit soil characteristics which tend to vary at finer
scales (Watling et al. 2013). This is, in part, because historically climate has been regarded as
the primary variable determining species distributions, although this assumption is increasingly
guestioned (Wisz et al. 2013). Moreover, climate envelope models are static and probabilistic in
nature; they assume that correlations between environmental variables are constant, and that
variables determining the range of species are independent (Buckley et al. 2010). Additionally,
they assume that species’ ranges are in equilibrium with current conditions (Nogués-Bravo
2009, Dormann et al. 2012). These assumptions are particularly problematic when making
dynamic predictions and it is expected that relationships between environmental variables will
be violated when models are used to extrapolate beyond current conditions (Buckley et al.

2010).

In contrast to correlative methods, mechanistic models are often more complex as they
explicitly model all processes important in determining species distributions (Dormann et al.
2012). Mechanistic models create explicit mathematical descriptions of the relationship
between organism fitness and environmental conditions, typically derived from empirical data
(Buckley et al. 2010). This approach is theoretically more appropriate for dynamic predictions of
species ranges under future climates (Buckley et al. 2010). However mechanistic models may
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also inaccurately predict species range shifts under future climate change scenarios, because
miscalibration of key parameters caused by imperfect understanding of ecological process will
lead to poor predictions (Dormann et al. 2012). For example, the fundamental constraints
limiting species distributions identified at one location may not be important along the entire
species’ range (Buckley et al. 2010), or important predictors may be overlooked (Dormann et al.
2012). More recently, hybrid models including correlative and mechanistic components are
emerging (Peknicova and Berchova-Bimova 2016). Notably, many SDMs entirely omit the role
of species interactions, despite their importance in shaping species distributions (Wisz et al.
2013) and hybrid models could account for this. For example, Joint Species Distribution Models
(JSDM) partially account for species interactions by explaining the residual variance of a climate
model with pairwise species co-occurrence data (Pollock et al. 2014); their application is

increasing in SDM studies.

Numerous algorithms are used in SDM and can yield substantially different results even
where the same training data are used (Araujo and Guisan 2006). In some cases, such
projections from alternative models can vary to such a significant degree that their utility is
compromised (Araujo and New 2007). Nevertheless, evaluations of modelling techniques have
not identified a singular superior approach. Consequently, ensemble models, that integrate
multiple computations across a number of initial conditions, model classes, parameters and
boundary conditions, have been put forward as a solution (Aradjo and New 2007, Thuiller et al.
2009). These combined approaches integrate the ‘wisdom of the commons’ — consensus
forecasts tend to yield lower error rates than any of the individual forecasts of which it is
composed (Araujo and New 2007, Thuiller et al. 2009, Sheppard et al. 2016). SDM is a statistical
tool that is developing rapidly. More sophisticated SDM techniques are leading to increasing
utility and predictive power in species and ecosystem models (Elith et al. 2006, Heikkinen et al.

2006).
Meta-analyses

Meta-analyses and reviews allow the field of global change to explore universalities or

highlight emerging research avenues (Brook et al. 2008, Schweiger et al. 2010, Wu et al. 2011).
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Meta-analyses identify commonalities in ecosystem responses to drivers of global change
among studies conducted globally. For example, Parmesan and Yohe (2003) applied meta-
analytic techniques to estimate that 59% of 1598 species exhibited measurable phenological or
distributional responses to recent climate change. Alternatively, meta-analyses can identify
discrepancies in experimental results that are used to form further hypotheses (Bunn et al.
2015). For example, Schweiger et al. (2010) identified common effects of interactions between
plant invasion and climate change on plant-pollinator interactions in recipient ecosystems and
postulated potential impacts on plant-pollinator networks. In emerging disciplines such as SDM,
where studies use many different methodologies and a singular best approach has not been
found (Araujo and New 2007), reviews may identify best practice methods for generating

reliable forecasts of global change effects (Jimenez-Valverde et al. 2011).

Research objectives and outline of this thesis
My thesis work explores the interactive effects of global change drivers on community

structure and ecosystem function using TNP as a model ecosystem. My work is novel in that it
focuses on the direct and interactive effects of climatic warming and plant invasion using
observational, experimental, and modeling approaches (Figure 1.1). Recognizing that climate
change may directly affect native plants in TNP, but may also augment the effects of C. vulgaris,
my approach is to measure the impact of climate on both native ecosystem structure and
function as well as on C. vulgaris, and to explore changing interactions between native species
and C. vulgaris under different abiotic or landscape conditions (Chapters 2-4). In Chapter 5, |
explore the interaction between plant invasion and human disturbance to determine the
relative roles of biological filters and anthropic facilitation on the invasion of C. vulgaris across

New Zealand.
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Figure 1.1: Theoretical framework guiding this thesis. Drivers of global change may interact,
leading to non-linear responses of ecosystems.Climate change affects aspects of ecosystem
structure and function directly, but also influences invasive species, thereby exacerbating or
diminishing the effects of invasive species that are recognized under current climatic
conditions.

My research addressed four inter-related questions:

Chapter 2: Does the phenology of co-occurring native and invasive plants
respond to climate warming differently and, if so, what are the consequences of
species-specific phenological responses for the sexual reproduction of native
species?

Chapter 3: How does native alpine plant species richness respond to plant
invasion at multiple spatial scales and is this response modulated by

environmental stress?
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Chapter 4: What are the consequences of climate change and density-dependent
competitive interactions with C. vulgaris on the distribution and density of
taonga tipu (culturally important plant species) in the park?

Chapter 5: Are other areas of New Zealand suitable for the invasion of C. vulgaris

and why has this species not spread to those areas?

| answered these questions using a variety of experimental, observational and modelling
approaches. | predicted the responses of individual species, plant communities and ecosystem

function.

In Chapter 2, | paired manipulative experiments to probe two mechanistic pathways
through which C. vulgaris invasion and climate warming may alter phenology and reproduction
of native plant species. In the first, | tested how experimental warming (+1.7°C) modulates the
flowering phenology of the plant community and how this affects flowering overlap between a
focal native (D. subulatum) and C. vulgaris. In the second experiment, | explored how variation
in the ratio of native to invasive flowers, and the overall quantity of floral resources in the
landscape, affected the reproduction of D. subulatum. | hypothesised that the flowering overlap
of D. subulatum and C. vulgaris flowering would increase under manipulative warming, given
that invaders typically exhibit greater phenological plasticity than native species. Further, |
hypothesised that the sexual reproduction of D. subulatum would decrease in landscapes
dominated by C. vulgaris flowers, but that this effect would depend on total floral density in the
landscape. If correct, these hypotheses together would suggest that under warmed climates, |
would expect greater impacts of C. vulgaris on the sexual reproduction of D. subulatum in some

landscapes.

In Chapter 3, | investigated the impact of plant invasion on native alpine vascular
plant species richness at two spatial scales and on the slope of the Species Area Relationship
(SAR; z). | assessed the consistency of this impact along an environmental stress gradient.
| hypothesized that the magnitude of both positive and negative effects of invasion on plant
richness at the 1m?scale would increase with invader biomass, with the exception of positive

interactions at very high invader biomass. Further, | hypothesized that z in low stress
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environments would increase monotonically with invader canopy cover, whereas in high stress
environments the impact of invader canopy cover should be unimodal: moderate canopy cover
should be associated with higher z and dense canopy cover with a lower z compared to

uninvaded communities.

In Chapter 4, | developed a novel hierarchical modelling framework which integrates
pairwise density-dependent effects with an invader and couple my modelling work with a large-
scale field study. | applied this to a native species, C. rubra in an alpine region of New Zealand. |
used occurrence data to model the distribution of the native species and of the invasive species
C. vulgaris, under both current and future climate scenarios. | investigated the density
dependence of these species using quadrats which spanned both elevational and C. vulgaris
invasion density gradients. | identified C. vulgaris density thresholds above which C. rubra
density was significantly reduced. Next, | predicted the proportion of C. rubra distribution which
overlaps with environmental conditions that may support densities of C. vulgaris that are above
this threshold (the ‘impact niche’) under current and future climate scenarios. My models
predict a contraction of suitable space for C. rubra under future climates. Chapter 4 describes
the response of one of the five modelled taonga tipu - Chionochloa rubra. The results for the
remaining four species are in Appendix 4. While the results for all five species are interesting, |
limited the scope of Chapter 4 in order to streamline this work for an initial publication of the

modelling methodology; | intend to publish the results in Appendix 4 as a follow up publication.

In Chapter 5, | used SDM to explore the potential for C. vulgaris to expand its invasive
range on the North and South Islands of New Zealand. C. vulgaris was introduced on the North
and South Islands of New Zealand, with notably different outcomes. On the North Island, C.
vulgaris is invasive and is expanding its range; on the South Island, C. vulgaris grows in several
isolated populations where it has been present, in some places, for over a century but is not
spreading at the high rates observed on the North Island. Contrasting this variable success on
the two islands — that differ in the extent and intensity of human disturbance — can illustrate
the relative importance of environmental filters and anthropic facilitation in determining the
invasive success of invasive plants in novel ranges. | built climate envelope models and paired

these with maps of other factors known to affect the spread of invasive plants — soil pH,
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presence of mycorrhizal mutualists, vegetation type and the extent and intensity of human
impact on the landscape. | hypothesised that that the majority of both islands is climatically,
edaphically and ecologically suitable for C. vulgaris. | additionally hypothesised that C. vulgaris
populations on both islands are associated with medium to high levels of human disturbance,

despite substantial differences in the prevalence of human disturbance between the two

islands.
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2 Climate change and invasion synergisms may cause decline of
native plant reproduction through species-specific phenology

Dracophyllum subulatum flowers (in the foreground) compete for insect pollinators with the
invasive species Calluna vulgaris (in the background).

Giejsztowt, 2018

25



Introduction
Climate warming and species invasions are important drivers of global environmental change.

Both drivers impact ecosystem structure and function directly (Chapin et al. 2000, Mack et al.
2000, Tylianakis et al. 2008, Vila et al. 2011). Global change drivers can also interact, resulting in
an exacerbation or buffering of their direct effects on ecosystems (Tylianakis et al. 2008,
Schweiger et al. 2010, Yang and Rudolf 2010, Gonzalez-Varo et al. 2013, Sparks and Menzel
2013, Fox et al. 2014). For example, extinctions attributed to global warming are often driven
by synergisms with invasion (Brook et al. 2008). These, often negative, interactions are
particularly striking when they impact important ecosystem functions such as pollination
(Hoover et al. 2012, Gonzélez-Varo et al. 2013). Animal pollination, which is essential for crop
production as well as the reproduction of most angiosperms (Burkle et al. 2013, Gonzélez-Varo
et al. 2013), may become limiting because pollinators are threatened with extinction (Knight et
al. 2018). It is predicted that a loss of pollination may lead to declines in plant populations
(Potts et al. 2010, Burkle et al. 2013). However, the effect of interacting global change drivers
on the pollination of plants is poorly understood (Potts et al. 2010, Hoover et al. 2012,
Gonzélez-Varo et al. 2013, Fox et al. 2014). To date, no study has experimentally investigated
the impact of climate change and plant invasion on the phenology and reproduction of native

plants.

Changes in phenology are a prominent response of plants to climate change, both
locally and globally (Parmesan and Yohe 2003, Hoover et al. 2012, Gallinat et al. 2018).
Flowering phenology is important because it is related to plant fecundity (Godoy et al. 2009).
Flowering phenology is determined by genetics as well as a suite of cues, such as day length,
soil moisture, and air temperature (Godoy et al. 2009, Burkle et al. 2013, Davies et al. 2013).
Further, phenology may vary in its response to climate change depending on whether a species
flowers early or late in the season (Ji et al. 2017). Shifts in flowering phenology can be species-
specific (Gallinat et al. 2018). Consequently, climate change may have various effects on plant-
pollinator interactions. For example, changes in flowering phenology are likely to result in
spatial or temporal asynchronies between interacting mutualists (Parmesan and Yohe 2003,

Yang and Rudolf 2010, Hoover et al. 2012, Kharouba et al. 2018, Knight et al. 2018).
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Alternatively, flowering phenology may augment landscape nutrient economies, which are
known to alter pollinator behaviour (Hoover et al. 2012). Altered plant-pollinator interactions
may lead to pollen limitation for some plant species (Gonzalez-Varo et al. 2013), affecting their
reproductive success (Gallinat et al. 2018). Invasive plants typically display more phenological
plasticity than native plants (Gallinat et al. 2018) which may be important if climate warming

alters the extent of flowering overlap between native and invasive species.

Invasive plant species can readily integrate into existing plant-pollinator networks and
modify floral resources in landscapes (Potts et al. 2010, Drossart et al. 2017) with sometimes
positive (Morales and Traveset 2009, Knight et al. 2018) but generally negative consequences
for native plant reproduction (Gonzalez-Varo et al. 2013). Prolific flower production, which is a
characteristic of many invasive species, may create interspecific competition for pollinators
(Chittka and Schurkens 2001, Brown et al. 2002, Gonzalez-Varo et al. 2013), particularly where
the flowers of invasive species have high nutritional value or are easily foraged (Drossart et al.
2017). For example, Chittka and Schurkens (2001) simulated shifts in floral abundance between
an invasive and a native plant, which resulted in a decline in native plant seed set relative to
“uninvaded” patches. Competition for pollinators may directly affect the fitness of natives by
reducing pollinator visitation rates and/or pollination quality (Brown et al. 2002, Mitchell et al.
2009). Conversely, invasive species may enhance pollination services to native plant species by
providing higher resource stability for pollinating insects (Potts et al. 2010, Knight et al. 2018).
Species with showy floral displays or high rewards may increase the attractiveness of a
vegetation patch, thereby improving pollination services to other plant species within the
patch. Studies investigating competition for pollination should therefore account for landscape

context (Ekroos et al. 2015, Knight et al. 2018).

Few studies investigate the effect of more than one driver of global change on the
pollination of plants, and the interactive effects of multiple drivers remain poorly understood
(Tylianakis et al. 2008, Schweiger et al. 2010, Hoover et al. 2012, Gonzalez-Varo et al. 2013,
Knight et al. 2018), with empirical data especially lacking (Hoover et al. 2012). Here, we use a
series of experiments to examine the effects of warming and plant invasion on the pollination
of a native plant species. Our experiments were designed to elucidate two mechanistic
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pathways for these effects: plant phenology and reproduction. Firstly, we tested how the
flowering phenology of native and an invasive species responded to experimental warming in
the field over two summer seasons - after two and three years of treatment. We hypothesised
that the invasive species would show more plasticity in its phenology than native species of the
same growth form, and that this would lead to altered overlaps in the flowering periods of the
invasive and some of the native species. Secondly, we tested how the floral landscape (the ratio
of native to invasive flowers as well as total landscape floral density) affected the reproduction
of a native species. We hypothesised that lower seed masses for native species would occur in
landscapes dominated by invasive flowers, and that this effect would be greater in rich floral

landscapes.
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Methods

Study site and species

We investigated the impacts of climate warming and plant invasion on the pollination of
a native plant species in an alpine community in Tongariro National Park, New Zealand (-
39.25°N, 175.58°E). The park is both a natural and cultural UNESCO World Heritage Site (Baird,
2013) and hosts diverse alpine plant communities with high endemism (Chapman and Bannister
1990, Wardle 1991, Rogers and Leathwick 1996, Halloy and Mark 2003). The national park
encompasses three large volcanoes resulting in dark sandy-loam and loamy-sand soils
(Chapman and Bannister 1990). The climate of Tongariro National Park is changing at higher
than the global mean rates and is currently 1.5°C warmer and receives 5 mm less precipitation
per annum than it did 50 years ago (IPCC 2014). Median annual air temperature on the
lowlands of the central volcanic plateau is 9°C and decreases with elevation (Chappell 2015).
Tongariro National Park is invaded by Calluna vulgaris (L.) Hull (Ericaceae) which drives a
decline of native and endemic plant species, and affects insect assemblages (Wardle 1991,
Keesing 1995). C. vulgaris was intentionally introduced to the park in 1912 (Rogers and
Leathwick 1996), occupying approximately one-third of the park by 1991 and continues to
spread (Keesing, 1995).

C. vulgaris produces large numbers of small (5-8mm length), bell-shaped, tetramerous
flowers (Descamps et al. 2015) that provide nectar of high nutritional value (Drossart et al.
2017). C. vulgaris flowers that are utilized by a diverse range of insect species (Descamps et al.
2015, Drossart et al. 2017). C. vulgaris is a late flowering species with a peak flowering period
extending to late March in New Zealand. Moreover, its flowering phenology is plastic,
responding both to interannual climatic variability and elevational gradients within Tongariro
National Park (Chapman and Bannister 1995). The invertebrate pollinator community of the
park, like that of New Zealand more generally, is dominated by generalists (Primack 1983,
Keesing 1995) . C. vulgaris is not pollen-limited in Tongariro National Park, which may reflect
integration into the pollination network, or its capacity to self-pollinate, or both (Murphy and

Robertson 2000, Thompson and Knight 2018). C. vulgaris has the greatest mean number of
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flowers per individual plant where it has invaded, and dominates the plant canopy, traits

associated with strong competitors for pollination (Chittka and Schurkens 2001).

Dracophyllum subulatum (Epacridaceae) is endemic to the North Island of New Zealand
and occupies similar edaphic and climatic environments as C. vulgaris (Smale 1990). D.
subulatum is often dominant in ‘frost-flat’ communities, which are assemblages of alpine
species typical of the lowlands of Tongariro National Park (Smale 1990). Its ubiquity is
maintained by a low frequency natural fire regime and unseasonal frosts related to
temperature inversions (Smale 1990). Large portions of the limited geographic range of this
habitat structuring species is undergoing substantial invasion by C. vulgaris. This justifies an
investigation of the vulnerability of D. subulatum to C. vulgaris invasion. The flowering
phenology of Dracophyllum species is known to respond to inter-seasonal temperature
variability (Primack 1980). To our knowledge, no study has investigated pollen limitation of

native plant species in C. vulgaris invaded areas of New Zealand.

Manipulative warming experiment

To investigate the effect of climate on flowering phenology, we utilised a manipulative
warming versus ambient temperature experiment (n = 8 per treatment) which was established
in 2014 on the Rangipo desert, in a frost-flat community of which D. subulatum is a large
component, and that is undergoing invasion by C. vulgaris. The experiment uses hexagonal
open top chambers (OTC; 2.3 m?) to increase summer air and soil temperatures; 2m x 2 m
control plots are also maintained. To confirm the warming treatment effect, we installed
temperature loggers (iButton®, Maxim Integrated) 5cm above the soil surface in all plots. These
recorded temperatures at 90 min intervals for the duration of each growing season (November-
March). Over the 2016 and 2017 summers, phenological events were monitored for all vascular
species in all plots. Flowering was observed fortnightly for the duration of the growing period in
each plot. We recorded first flowering date for each species over the 2016 and 2017 growing
seasons. In 2017, we additionally recorded categorical estimations of flower number for each
species in each plot. The categories were 0, 1-10, 11-50, 51-100, 101-200, 201-500, 500+.
Measurements at each plot were made for four minutes by two people. We estimated the
vegetative percentage cover of each species for each plot annually.
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Pollination landscape trials

To test how the floral landscape (the ratio of native to invasive flowers as well as total
landscape floral density) affected the reproduction of D. subulatum, eleven pollination trials
were completed in 2018, which were restricted to the same habitat type as the warming
experiment (early to middle successional communities on the Rangipo desert). The locations
and timing of the trials were selected based on two criteria. Firstly, we selected locations for
the trials (hereafter “pollination landscapes”) that spanned a wide range of flower densities of
C. vulgaris and native species. We sought to represent four pollination landscape types in our
dataset: (1) high native flower number, high invasive flower number, (2) high native flower
number, low invasive flower number, (3) low native flower number, high invasive flower
number, and (4) low native flower number, low invasive flower number. We utilized pollination
landscapes which varied in floral density due to differences in floral patterns in both time and
geographic space (Supplementary Figure 1). All concurrently running pollination trials were a
minimum of a 500 m distance apart, and individual plants within trials were a minimum of 50m
apart. Secondly, across the pollination landscapes, we sought to maximize the proportional
abundance of D. subulatum relative to all other native species. This ensured that sufficient
conspecific pollen was available to D. subulatum across the gradient of pollination landscapes.
Within each trial, nine D. subulatum plants were selected for study. The nine plants were
allocated randomly to one of three treatments: “natural pollination”, in which flower buds
were not manipulated; “pollinator exclusion”, in which pollinators were excluded from flower
buds using fine-mesh bags; and “hand pollination” in which pollinators were excluded from
buds using fine-mesh bags and flowers were pollinated by hand once these had opened. Eight

to ten flower buds per plant received these treatments, dependent on availability.

We monitored flower buds daily until the majority had blossomed, ~1-3 days. Labeled
flower buds that did not blossom were removed from the experiment in all treatments. We
measured the height and diameter of every plant. We collected pollen from the flowers of 20 D.
subulatum plants growing outside of the experiment with a paint brush and applied this to the
stigmas of flowers within the “hand pollination” treatment. To quantify the pollination

landscape for each plant receiving the “natural pollination” treatment, we used four 25m long
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transects. Transects originated from the experimental plant and extended in each cardinal
direction. The distance from origin, species identity, and abundance of flowers within 20cm of
either side of the transect was then recorded. We pooled yellow-flowered members of
Asteraceae (Taraxicum and Pilosella) into a single category and counted flower heads rather
than individual flowers. Flower abundance was recorded using categorical estimations as
above. After approximately six weeks, we collected the seeds from all labelled flowers on each
plant. We dried the seeds at room temperature until they were a constant weight and then

recorded.

Statistical analyses

All analyses were performed in R version 3.3.1 (R Development Core Team, 2016). To
confirm the warming treatment effect, we used a linear mixed effects model to model air
temperature, using the “Ime” function in the package “nlme” (Pinheiro et al. 2018). We set
treatment as a fixed effect and time of day as a random effect. As expected, OTCs warmed air
temperature in the treatment plots (F (1,5819)= 689.33, p < 0.001). Yearly mean air temperatures
in OTC plots were 1.73°C higher than in control plots (Supplementary Figure 2). To test whether
C. vulgaris has stronger flowering phenology responses than native species including D.
subulatum, we examined the response of first flowering and peak flowering to experimental
warming. We included all plant species that occurred across a minimum of two plots in each
treatment. To account for natural variation in species’ cover across our experiment, we used
floral density (the count of flowers divided by the vegetative cover for each species within the
plot, in units of flowers m™) rather than absolute flower number in all analyses. We tested for
growth form-specific first flowering and peak floral density responses to warming using linear
mixed effect models, with treatment as a fixed effect and plant species as a random effect. We
tested for significant differences in first flowering and peak flowering density in D. subulatum
and C. vulgaris using Welsh t-tests. Next, we tested for flowering overlap between D. subulatum
and C. vulgaris. We plotted the relationship between time of observation and average D.
subulatum flower density and then calculated the total area under the curve using the

trapezoid formula, for experimentally warmed and control plots (Atkinson 1989). We then
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calculated area for only the proportion of each curve where C. vulgaris flower densities were

high (> 1000 flowers m™1).

For our second experiment, we evaluated the effect of pollination landscape on D.
subulatum seed weight using one-way ANOVA, followed by a post-hoc Tukey’s test to deduce
pair-wise differences among the three pollination treatments. To meet the assumption of
normality we log-transformed seed weights. To account for individual variation in seed weight
among plants we modelled seed weight in the hand pollination treatment as a function of the
height, diameter and number of flowers on each plant and their interactions. Non-significant
predictors were removed from the model in a stepwise fashion. Of the three morphological
measurements taken (plant height, plant diameter and number of flowers on the plant), only
plant height was a significant predictor of D. subulatum seed weight (F = 3.771, df = 2,209, p =
0.02). To account for the effect of plant height on seed weight, the slope of this relationship
was used to correct D. subulatum seed weight in the subsequent regression model (hereafter,
we refer to these values as “corrected D. subulatum seed weight”). We assessed the effect of
floral landscape on corrected D. subulatum seed weight in the natural pollination treatment.
We applied linear mixed effects models to examine the response of corrected D. subulatum
seed weight to landscape floral density and the proportion of native flowers in each
community. We set latitude and date of the trial as random effects to account for the non-
independence of plants within landscapes. Finally, to ensure that sufficient conspecific pollen
was available to D. subulatum, we calculated D. subulatum flowering density in the pollination
landscape and recorded the distance between the focal plant and its closest conspecific. All

datasets and R code available at www.github.com/jgiejsztowt.

Results

Phenological responses to warming

We hypothesized that C. vulgaris would exhibit a stronger flowering phenology response
to manipulative warming than D. subulatum. The date of first flowering of D. subulatum did not
change in response to experimental warming (2016: t (17.31)=1.74, p = 0.10; 2017: t (25.33)= 0.12,

p = 0.90). However, D. subulatum achieved peak floral abundances 11 days earlier under
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warming (t (19.12)= 2.69, p = 0.01). In contrast, C. vulgaris responded to experimental warming
by first flowering 18 and 11 days earlier in the 2016 and 2017 seasons, respectively (2016: t (s.4s)
=5.07, p<0.001; 2017: t (9.94)= 2.63, p = 0.03). Peak flowering densities were also 11 days
earlier (t (11.91)= 2.133, p = 0.05). We hypothesised that the differences in phenological
responses between C. vulgaris and D. subulatum would result in a larger overlap of their
flowering period. Under ambient temperatures, 2.79% of the total area under the curve for D.
subulatum flowering occurred concurrently with high C. vulgaris floral densities (> 1000 flowers
m). In experimentally warmed plots this overlap increased four-fold to 11.27% of total area
under the curve (Figure 2.1A) Across the plant community, we observed no change in the
flowering phenology of many native plant species under experimental warming with the timing
of first flowering in 2017 and 2016 (Supplementary Figure 3 and Supplementary Figure 4,
respectively) or in peak flowering (Supplementary Figure 5), largely unchanged. Consequently,
there was no significant change in the date of first flowering by functional group in 2017 (forbs:
F(1,30) = 0.96, p = 0.33; woody shrubs: F(1,83)= 2.59, p = 0.111; Supplementary Figure 6) or 2016
(forbs: F(1,64y= 1.29, p = 0.260 and woody shrubs F(1,105) = 3.02, p = 0.08; Supplementary Figure
7). However, woody shrubs achieved peak floral abundances earlier in the growing season (F (1,
97)= 14.003, p < 0.001); this was not observed in forbs (F (1,57)= 0.63, p = 0.43; Supplementary
Figure 8).
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Figure 2.1: Experimental results for phenology and pollination experiments; A) floral density of Calluna vulgaris and
Dracophyllum subulatum under ambient and experimentally warmed conditions; B) seed weight responses to floral density in the
landscape.Shaded regions in panel A denote flowering overlap of D. subulatum with high densities (> 1000m?) of C. vulgaris.
Colours in (B) denote native (green) or invasive (black) dominance.
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Pollination landscape effects on seed weight
To test our second hypothesis, that high densities of invasive flowers would have

negative effects on D. subulatum reproduction, particularly in rich floral landscapes, we firstly
accounted for the effects of other factors. Namely: 1-conspecific pollen donor availability, 2-
non-animal mediated pollination and 3- plant morphology. In our experiment, D. subulatum
was unlikely to lack a conspecific pollen donor, as evidenced by the presence of conspecific in
flower within a 5 m radius of 90%, and a 10 m radius of 100% of D. subulatum plants in the
‘natural pollination’ treatment. The average floral density of D. subulatum within our
landscapes was 18.0 flowers m, with a maximum floral density of 122.4 m™ and a minimum
recorded floral density of 0.4 m™. We found significant differences in seed weight among
pollination treatments, indicating that animal pollinator access to flowers has a significant
effect on the reproduction of D. subulatum (F = 39.34 (712,2), p < 0.001; Supplementary Figure
9). We confirmed significant differences between the “natural” and “pollinator exclusion”
treatments (p < 0.001) as well as the “hand pollination” and “pollinator exclusion” treatments
(p < 0.001), with consistently lower corrected D. subulatum seed weights in the pollinator
exclusion treatment. There was no significant difference between the “hand pollination” and
“natural pollination” treatments, suggesting no general pollen-limitation among all landscapes.
Floral landscape significantly affected D. subulatum seed weight. While landscape floral density
(t=-0.451, p = 0.653) and the ratio of native and invasive flowers within the landscape (t = -
0.763, p = 0.446) did not significantly affect seed weight, the interaction between them was
significant (t = 2.472, p = 0.014; Figure 2.1B). Seeds were heaviest in landscapes with high floral
densities and a large proportion of native flowers. Conversely, landscapes with a larger
proportion of invasive flowers relative to native flowers were associated with consistently

lower seed weights, irrespective of landscape floral density.
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Discussion
When native and invasive species flower simultaneously, pollination of the native

species should change, especially if the invasive species is a prolific flower producer. Using two
complementary experiments, we explored how warming and plant invasion impact native plant
phenology and reproduction across an alpine landscape. We found a strong shift to earlier first
flowering and peak flower production in C. vulgaris in experimentally warmed plots relative to
control plots after both two and three years of treatment. In comparison, we found a significant
shift to earlier peak flowering in native woody shrubs, but no coherent response in the date of
first flowering in experimental warming treatments relative to control plots. Our focal native
species, D. subulatum exemplified the response of native woody species, shifting its peak
flower production earlier in the growing season but showing no response in the timing of first
flowering. Consequently, we observed a significant increase in the flowering overlap of D.
subulatum and C. vulgaris. This suggests that invasion by C. vulgaris and climate warming has
the potential to interact to affect the reproductive success of D. subulatum. To investigate the
potential consequences of this increased flowering overlap, we quantified the effects of the
pollination landscape on seed weight in D. subulatum. We found a significant effect of
experimental pollinator exclusion, indicating that seed weight in D. subulatum declines with
pollen limitation. In flower-depauperate landscapes, D. subulatum seed weight was unaffected
by the presence of invasive C. vulgaris flowers. However, in rich floral landscapes, a higher
proportion of C. vulgaris was associated with lower D. subulatum seed weight. Our results
therefore agree with previous work showing that co-flowering species can both facilitate and
compete for pollination services and that these effects depend on overall flower abundance

(Ekroos et al. 2015).

The invasive species in this study was more phenologically plastic in response to
warming than native species with the same growth form. This result aligns with previous work
suggesting that C. vulgaris flowering phenology is plastic, and potentially temperature
controlled, displaying high variability both in New Zealand and its native range (Chapman and
Bannister 1995). Invasive species generally exhibit greater intraspecific phenological variation

than native species (Gallinat et al. 2018). It is unclear whether this is a result of phenotypic
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plasticity or genetics (Rapson and Wilson 1992, Wolkovich and Cleland 2014). Asynchronous
phenologies among sympatric flowering species may reflect niche-partitioning for interactions
with animal pollinators in systems where pollination services to plants are scarce (Cummings et
al. 2014). Consequently, invasive species may adapt to local conditions, minimising flowering
overlap with natives. In doing so, these species could ameliorate pollinator limitation under
longer growing seasons driven by climate change, thereby facilitating pollination to native
species. This is particularly likely if an invasive species flowers early or late in the season relative
to the recipient native community. Alternatively, if an invasive plant responds to climate change
by altering its phenology in a manner that increases flowering overlap with the native plant
community (as we observed), we would expect sexual reproduction of native plants to decline.
Species that advance phenology with warming typically also increase in abundance and growth
(Wolkovich and Cleland 2014), potentially enhancing facilitative or exacerbating competitive
effects. The degree to which an invasive species modulates the pollination success of natives is
therefore contingent on the plasticity of their flowering phenology. Here, we focused on the
flowering overlap of native and invasive species. However, climate change may additionally
impact pollen or nectar composition (Hoover et al. 2012, Byers 2017, Nickless et al. 2017).
Moreover, we manipulated temperature, but not other environmental cues that affect plant
phenology (Wolkovich et al. 2012, Byers 2017, Nickless et al. 2017). There remain many

unexplored avenues for future research.

As hypothesised, the invasive plant C. vulgaris had a negative impact on native plant
reproduction in landscapes with high floral densities, but not in florally depauperate
landscapes. This is important, because pollen limitation may have negative long-term effects on
the persistence of animal-pollinated plant species (Ekroos et al. 2015). Declines in sexual
reproduction of native species may reflect their competitive exclusion from the mutualistic
plant-pollinator network (Brown et al. 2002), or because the quality of the pollination service to
native species is compromised as a result of the excessive transfer of heterospecific pollen
(Miller et al. 2018). Native plant species that require pollen transfer by generalist pollinators, as
in this case, may be most vulnerable to competition for pollination from an invasive plant

(Mitchell et al. 2009). Our findings align with those of previous studies, showing that native

38



reproduction is compromised if native flowers are strongly outnumbered by the invasive
flowers (Chittka and Schurkens 2001, Mitchell et al. 2009). Invasive plants may also be stronger
competitors for pollinators than natives because of their floral characteristics (Chittka and
Schurkens 2001). Floral characteristics could be important in this study as the native community
is dominated by small white flowers, while flowers of C. vulgaris are pink. In agreement with
others, our results indicate that concurrent flowering of native and invasive species will not
necessarily generate a pollinator deficit for native species (Chittka and Schurkens 2001,
Schweiger et al. 2010, Yang and Rudolf 2010). Instead, we find that the effects of invasion on
the pollination services delivered to native plants depend on floral resources of the landscape.
For example, per capita pollinator visits may increase for all species as a result of the
heightened attractiveness of the patch when an invader is present (Mitchell et al. 2009, Ekroos
et al. 2015). Factors such as pollinator behaviour (Popic et al. 2013, Blaauw and Isaacs 2014),
flower density (Mitchell et al. 2009), floral richness of patches (Blaauw and Isaacs 2014),
distance to resources required by pollinators (Ekroos et al. 2015), local pollinator community
structure (Jedrzejewska-Szmek and Zych 2013) and abiotic conditions within microhabitats
(Primack 1983) all contribute to the pollination success of plants. The implications of these
patterns for pollination success is not straightforward (Ekroos et al. 2015) and makes

generalisations across systems difficult.

Pollen limitation is common among native outcrossing angiosperms (Potts et al. 2010).
Understanding the constraints on pollination of native species is especially pertinent as
pollinators are declining globally (Potts et al. 2010) leading to an associated loss of reproductive
capacity in plants (Cummings et al. 2014). D. subulatum reproduces both sexually and asexually;
nevertheless, the maintenance of sexual reproduction is important for the long-term
persistence of species with mixed reproductive strategies (Weppler et al. 2006). Our results
illustrate novel mechanisms through which climate change and invasion may interact
synergistically to reduce pollination services to native plants. In this ecosystem, we do not find
that invasive plants will ameliorate climate change impacts on pollination services by providing
resource stability, which is one potential non-linear outcome of interacting global

environmental change drivers (Schweiger et al. 2010). Rather, we find increasing potential for
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competition for pollination. Further research is required to determine the species and
landscapes most affected by this synergism, as well as other generalities in this field (Charlebois
and Sargent 2017). Factorial experiments to partition the interactive effects of climate change
and biological invasions on competition for pollination are lacking, as are combinations of
observational and experimental designs (Gonzalez-Varo et al. 2013, Byers 2017). Creative
experimental approaches over a variety of spatial and temporal scales are required to elucidate
the effects of global change drivers on ecosystem function (Fox et al. 2014, Byers 2017). Our
study illustrates the utility of combining experimental approaches to investigate interactions

among drivers of global change on the reproduction of native plant species.
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3 Elevational gradients alter invasion effects on species richness at
multiple spatial scales

A native plant community is invaded by Calluna vulgaris near Mangatepopo carpark.

Giejsztowt, 2018
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Introduction

The presence of invasive plant species often reduces the abundance and diversity of native
plants (Nielsen et al. 2015, Fox 2018, Michelan et al. 2018) and may increase the risk of
extinctions (He and Hubbell 2011), however, the effects of invasive species on native plant
richness typically vary with the scale of investigation (Powell et al. 2013, Case et al. 2016,
Socolar et al. 2016). It is expected that climate change may alter the impact of invasive species
on ecosystems (Brooker 2006) by modifying competitive conditions between native and
invasive species (Schweiger et al. 2010). For example, abiotic conditions modulate the
competitive ability of individuals by favouring different plant traits (Brooker 2006, Buckley et al.
2010, Gilman et al. 2010, Wisz et al. 2013, Michalet et al. 2014). The sensitivity of invasive
species effects on plant species richness to changing abiotic conditions across multiple spatial

scales is unknown.

Large scale patterns of vegetation are typically driven by climate, whereas the
consequences of species interactions generally play out locally (Nielsen et al. 2015, Rojas and
Zedler 2015), although in some circumstances species interactions affect richness at larger
scales (Callaway et al. 2002, Cavieres et al. 2014). Consequently, studies comparing the effects
of global change drivers on species richness at different spatial scales may lead to inconsistent
magnitude or even sign of effects (Chase and Knight 2013). The Species Area Relationship (SAR)
guantifies species richness at multiple scales (Arrhenius 1921) and is often derived from nested
sampling strategies such as Whittaker plots (Stohlgren and Rejmanek 2014). This relationship
has two important constants. The intercept — ¢ — indicates species richness at the smallest scale
investigated. The slope — z — indicates the rate of species richness accumulation with scale. SAR
is an important management tool because z is a scaling parameter; z can be used to predict
changes in the regional species pool from changes in small scale assemblages and to elucidate

mechanisms driving geographical patterns in species richness (Socolar et al. 2016).

Plant species invasions typically alter community richness in two contrasting ways: by
increasing richness through the addition of new, non-native species, or by decreasing it through

the competitive exclusion of natives (Socolar et al. 2016, Hillebrand et al. 2018). Curiously,
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invasive species typically outcompete natives locally, but rarely cause species extinctions at the
landscape scale (Powell et al. 2013, Case et al. 2016, Socolar et al. 2016), a pattern termed the
‘invasion paradox’ (Gaertner et al. 2009). Powell et al. (2013) elegantly reconciled this paradox
by showing that densely invaded communities are associated with reduced species richness at
small scales but also a higher z than uninvaded communities. The mechanism driving this
pattern is chiefly neutral selection: the random exclusion of individual plants by invasives,
irrespective of their species-specific traits, leads to the disproportionate decline of regionally
common species while rarer species are relatively unaffected (Powell et al. 2013, Case et al.
2016). Thus, the effect of invasive species on native species at large scales is typically to reduce
their density or frequency rather than exclude them (Wisz et al. 2013). The frequency of a
native species in a landscape has important implications for its persistence (Sexton et al. 2009).
However, the presence of a non-native species does not universally lead to impacts on plant
communities (Alexander et al. 2016). Effects are commonly dependent on the density and
identity of the invasive plant (Bradley 2013, Nielsen et al. 2015). For example, Rojas and Zedler
(2015) found that high density invasion of Phalaris arundinacea reduced species richness in a
sedge meadow by half irrespective of the spatial scale of investigation. Further, a meta-analysis
indicated inconsistent relationships between invasion, local richness and z when invader
density is included (Stohlgren and Rejmanek 2014). The nature of invasive species effects on
species richness should be contingent on the intensity of invasion. In fact, non-linear responses
could be expected, as they are a prevalent feature of ecological systems (De'ath and Fabricius
2000), particularly to global change (Tylianakis et al. 2008). Consequently, incorporating the
density of invasive species can reveal critical thresholds at which invasion has important

implications for SAR.

Environmental conditions can affect SAR indirectly by altering interactions among
species. Alpine ecosystems are frequently used by ecologists to infer community responses to
environmental stress because temperature decreases systematically with elevation over small
geographic scales (Kérner 2007, Alexander et al. 2016). The high alpine zone is considered to be
an abiotically stressful environment in mesic mountain regions (Michalet et al. 2014). Species

richness also varies as a direct result of elevation (Grytnes 2003, Bhatta et al. 2018), although it
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remains unclear how altitude-driven patterns of species richness play out at different spatial
scales (Qiao et al. 2012, Bhatta et al. 2018). The most commonly reported species richness
pattern in alpine ecosystems is unimodal, with peak richness at intermediate altitudes (Sanders
and Rahbek 2012, Wang et al. 2018). This may be explained by environmental factors (Wang et
al. 2018) including energetics (Storch et al. 2005, Qiao et al. 2012), however it can also be the
consequence of null processes such as the geometry of species’ ranges in bounded systems
(Mid Domain Effect; Colwell et al. 2004), available area (Vetaas and Grytnes 2002, Xu et al.
2017, Bhatta et al. 2018, Hillebrand et al. 2018) and Rapoport’s rule (Zhang et al. 2018).

Species richness may also vary along elevational gradients because of the changing
nature of species interactions. The Stress Gradient Hypothesis (SGH) describes a switch in the
sign of net species interactions along stress gradients (Choler et al. 2001, Callaway et al. 2002,
Brooker 2006, Dvorsky et al. 2013, He et al. 2013). Generally, competition should dominate
under benign environmental conditions and facilitation under stressful conditions. Facilitators
can increase the diversity of other species by ameliorating factors such as temperature, wind
abrasion, unstable substrate and solifluction, and low nutrient and water availability in stressful
environments (Dvorsky et al. 2013). Plant traits, which vary with elevation, may be the
mechanism by which species interactions change sign along stress gradients. For example, the
facilitative effects of cushion plants are inversely correlated with productivity (Cavieres et al.
2014), and the size of trees determines whether they have net facilitative or competitive effects
on alpine species at the treeline (Malanson and Resler 2016). Native-invasive plant interactions
may also vary in magnitude and sign with environmental stress. For example, He et al. (2013)
found that the competitive effects of an invader on species richness were less pronounced at
high elevations. In some cases, facilitative interactions with invasive plants are recorded

(Caceres et al. 2015).

Facilitative effects can also play a role in maintaining richness at larger scales (Callaway
et al. 2002, Cavieres et al. 2014), however a pattern of increasingly facilitative interactions with
environmental stress is not universal at larger spatial scales (Cavieres et al. 2014, Kopp and
Cleland 2018). The effect of facilitative interactions may diminish with scale because

environmental heterogeneity is an important driver of species richness (Bhatta et al. 2018).
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Nurse plants stabilise local abiotic conditions (Caceres et al. 2015) and may therefore
homogenise patchy environments if they are widespread. For example, Caceres et

al. (2015) showed that a nurse shrub species did not raise site-wide species richness despite a
higher average species richness within nurse plants than outside them. This was attributed to
greater variability in species identity in open habitats. Therefore, despite indications that
interactions between invasive species and native communities are likely to change sign from
competitive to facilitative with environmental stress, it is unclear how environmental stress
may alter the effect of invasive species on SAR. We know of no study that investigates how the

impact of invasive species on SAR is modulated by environmental stress.

We investigated the impact of invasion intensity on native alpine plant species richness
at two spatial scales, and on the slope between them (z), in 14 Whitaker plots positioned along
gradients of elevation (3) and invasion intensity of Calluna vulgaris (L.) Hull in Tongariro
National Park (TNP). We quantified native alpine plant species richness and measured invasion
intensity through two metrics - canopy cover and aboveground biomass - in 1m?and 5m?
guadrats. We expected to find a unimodal relationship between elevation and species richness
at both the 1m? scale and the 5m? scales, leading to no effect on z. In accordance with the SGH,
interactions between an invasive plant and species richness at small scales should become
increasingly facilitative along environmental stress gradients. We therefore hypothesized (Hypi)
that the magnitude of both positive and negative effects of invasion on plant richness at the
1m?scale would increase with invader biomass, with the exception of positive interactions at

very high invader biomass (Figure 3.1A).

Invasive species typically decrease local species richness through competitive interactions.
However, they have a lesser effect on richness at larger spatial scales because local competition
results in neutral sampling of species; this results in a higher z (Powell et al. 2013). We expected
to find this trend in environments with low abiotic stress, which is typical of low elevations in
mesic alpine systems, where competitive native-invasive interactions ought to prevail in
accordance with the SGH. In contrast, in high stress environments at high elevation where
facilitative interactions among species should be more prevalent, species richness at larger
spatial scales should be driven by habitat variability. Richness should be promoted by moderate
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canopy cover of the invader in abiotically stressful environments because some plant species
require facilitative plant interactions to persist in high stress habitats, while others are stress
adapted and are disproportionately found in open habitats. We therefore hypothesized (Hyp2)
that z in low stress environments would increase monotonically with invader canopy cover,
whereas in high stress environments the impact of invader canopy cover should be unimodal:
moderate canopy cover should be associated with higher z and contiguous canopy cover should

be associated with a lower z compared to uninvaded communities (Figure 3.1B).
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Figure 3.1: Hypothesised response of plant species richness to invasion: A) at the 1m?scale and
B) on the slope of the Species Area Relationship (z). The effect of invasion should vary with
environmental stress, with hypothesised effects at low environmental stress displayed in

orange, and effects at high environmental stress in blue.
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Methods
Community surveys

Study site

We investigated species richness and z along elevational and invasion gradients within
Tongariro National Park (TNP), an alpine protected area in New Zealand (-39.25°N, 175.58°E).
The park is both a natural and cultural UNESCO World Heritage Site (Baird 2013) and hosts
diverse alpine plant communities with high endemism (Chapman and Bannister 1990, Wardle
1991, Rogers and Leathwick 1996, Halloy and Mark 2003). The park encompasses three large
volcanoes resulting in dark sandy-loam and loamy-sand soils (Chapman and Bannister 1990).
Median annual air temperature on the lowlands of the central volcanic plateau is 9°C and
decreases with elevation (Chappell 2015). C. vulgaris was intentionally introduced to the park in
1912 (Rogers and Leathwick 1996), occupying approximately one-third of the park by 1991
(Keesing, 1995) and continues to spread. C. vulgaris drives a decline of native and endemic
plant species and affects insect assemblages in the park (Wardle 1991, Keesing 1995). In the
park, C. vulgaris aboveground biomass is known to vary from 0.4 to 4.8kg m™? (Keesing, 1995),
and biomass, canopy cover and height of C. vulgaris is related to altitude (Rogers and Leathwick

1996).

Methodology

Fourteen modified Whittaker plots (hereafter Whittaker plots) were established in TNP
along three elevational gradients in the northwest, southwest and east of the park (Figure
3.2A). Plots were established at approximately every 100 vertical metres, with the lowest plots
at the periphery of the park (970m a.s.l.), and the highest plots at the upper limit of the
distribution of C. vulgaris (1530 m a.s.l.). The sites for plots were chosen to maintain a
consistent hillside slope and aspect within transects. The layout of Whittaker plots emulates
Powell et al. (2013; Figure 3.2B). This involves a nested sampling design, with ten 1m? quadrats
and four 5m? quadrats nested within a 500m? plot. We cross-validated the area encompassed
by each quadrat by measuring the length of all edges, as well as both diagonals. We allowed for
a 5% error in all plot sizes. Most 1m? quadrats were placed systematically, but in some cases,

they were shifted to ensure that plots with C. vulgaris are included. We recorded vascular plant

47



species richness as well as C. vulgaris canopy cover (%) in each quadrat and we included all

cover which was rooted outside the plot.

C. vulgaris aboveground biomass is known to decrease with elevation in TNP (Rogers
and Leathwick 1996). To assess changes in the aboveground biomass of C. vulgaris along the
elevational gradients we estimated the canopy cover of C. vulgaris in 0.4m x 0.45m quadrats in
the vicinity of each Whittaker plot, then harvested the aboveground biomass. At each location,
we took between four and five biomass quadrats (n = 59). Quadrats were taken to encompass
as much variability in C. vulgaris canopy cover as possible, to build Whittaker plot site-specific
relationships between C. vulgaris canopy cover and aboveground biomass. Harvested biomass

was dried at 60°C to a constant weight and weighed.
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Statistical analyses

Data preparation

All analyses were performed in R version 3.3.1 (R Development Core Team, 2016). We
included all native alpine vascular plant species (Mark 2012) in our measure of species richness.
One quadrat was removed because the plot had no vascular plant species. We calculated a
Whittaker plot site-specific relationship between C. vulgaris canopy cover and aboveground
biomass based on the aboveground biomass removal data for each location. This was carried
out using linear regression. The intercept was fixed at 0 for each linear model. Canopy cover
significantly predicted biomass in all linear models (Supplementary Figure 10). The slope of
these site-specific linear models was then used to predict C. vulgaris aboveground biomass
from canopy cover for each quadrat in the analysis. Predicted C. vulgaris biomass (hereafter:

‘biomass’) for each quadrat was used in subsequent analyses as a predictor variable.

We calculated four z values at each Whittaker plot location. z values were estimated
using the power law relationship, S(A) = cA? (Connor and McCoy 1979, Fattorini et al. 2017),
where the species richness in the area (A) is predicted by a log-log relationship with a slope of z
and an intercept of ¢ (Wilber et al. 2015). Species richness within nested quadrats was
regressed against area using a log-log relationship with the "Im’ function in R. We had a larger
number of 1m? plots which were not nested within a 5m? plot, therefore dataset size in the
following analyses was higher at the 1m? scale than at the 5m? scale or for z (1m? n = 139, 5m?
and z n = 55). We used only the 1 and 5m? scales in our analysis - this data subset allowed
significantly higher statistical power in our models. Inclusion of the largest spatial scales would
have allowed for only n = 14, which would have limited ability to detect trends across scales.
Some preliminary analyses of species-specific responses to invasion were carried out; these are

not discussed here but are briefly summarised in Appendix 3.

GAMs

Next, we modelled the effect of C. vulgaris biomass and elevation on species richness at 1m?,
5m? and z using Generalized Additive Models (GAM) with the “gam” function in the package
“mgcv” v. 1.8-26 (Wood 2018) as these are relatively robust to collinear predictor variables and
we expected some collinearity between elevation and both measures of invasion intensity
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(Rogers and Leathwick 1996). Across the dataset, the predictor variables were tested for
collinearity using Pearson’s product-moment correlation with the function ‘cor.test’ and were
all found to be within an acceptable range. The GAMs were fitted with the Restricted Maximum
Likelihood (REML) smoothing parameter estimation method. The option “select’ was set to true
so that redundant predictor terms in a model were penalized to 0. For each of the three
response variables, we calibrated nine GAMs of varying complexity, considering three predictor
variables - elevation, C. vulgaris biomass, and C. vulgaris canopy cover - as well as their
interactions (all model forms considered are provided in Supplementary Table 2). Models
predicting z were calibrated with C. vulgaris canopy cover and biomass values at the 5m? scale.
The final models were selected based on Akaike Information Criterion (AIC; calculated using the
‘logLik.gam’ function in the ‘mgcv’ package; Wood 2011) and deviance explained (D?; derived
from the summary of each model). Across the three modelled response variables (richness at a
1m?scale, richness at a 5m?scale and z), increasing model complexity was associated with
higher D? and lower AIC (Supplementary Table 2). In each case, we selected the simplest model

with the highest D2.

Standardized biomass

Plant stature and productivity have a negative relationship with stress in mesic alpine
environments and traits like size and density are associated with greater net competitive
effects. To confirm that C. vulgaris plant size decreases with elevation, the dry aboveground
biomass of C. vulgaris (kg) harvested from each quadrat was divided by the canopy cover
recorded at that quadrat to calculate ‘standardized biomass’ (g m). We applied linear
regression using the ‘Im’ function to model the relationship between elevation and
standardized biomass (n = 59). As the model did not conform to assumptions (BP = 8.0 (1), p =
0.005), the standardized biomass of C. vulgaris was Box-Cox transformed using the function

‘BoxCoxTrans’ in the package ‘caret’ v. 6.0-80 (Kuhn 2018).
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Results

Model selection

At a Im?scale the interaction between elevation and C. vulgaris biomass was a particularly
important source of deviance (Figure 3.3;Supplementary Table 2). Models including both C.
vulgaris biomass and cover did not explain more deviance than those including only biomass as
a predictor of species richness at this scale. The final model used to describe species richness at
the 1m?scale included elevation, C. vulgaris biomass and an interaction between elevation and
C. vulgaris biomass. The parametric coefficient was significant (t = 36.36; p < 0.001) and D? was
38.6%, indicating that the model fits provided significant reductions in deviance. The
approximate significance of smooth terms was significant in all cases: elevation (F = 0.587, p =
0.005), C. vulgaris biomass (F = 0.860, p < 0.001) and the interaction between biomass and
elevation (F = 1.380, p < 0.001).

In contrast, at a 5m?scale, although the interaction between biomass and elevation was
important in explaining variance, models including elevation, C. vulgaris biomass and cover
explained substantially more deviance than any model which excluded one of these variables.
The final model used to describe species richness at a 5m?scale included elevation, C. vulgaris
biomass and an interaction between elevation and C. vulgaris biomass (as at 1m?) but with the
addition of C. vulgaris canopy cover as a predictor variable. The parametric coefficient was
significant (t= 49.72; p < 0.001) and D? was a mahusive 52.2%. The approximate significance of
smooth terms was significant for elevation (F = 0.88, p = 0.002), C. vulgaris % cover (F = 0.96, p
=0.002) and the interaction between biomass and elevation (F = 0.933, p = 0.001). The direct

effect of C. vulgaris biomass was not predictive.

Elevation, C. vulgaris biomass and cover were poor predictors of z relative to the two
richness models, and their interactions also explained less deviance. The interaction of
elevation and C. vulgaris cover explained more deviance in z than any other interaction. The
final model used to describe z included elevation, C. vulgaris canopy cover and the interaction
between elevation and C. vulgaris canopy cover. This model was predictive but explained much

less variation than those for 1m? and 5m?: the parametric coefficient was significant (t= 11.01; p
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< 0.001) and D? was 16.7%. The approximate significance of smooth terms indicated that only
the interaction between C. vulgaris canopy cover and elevation was predictive for z (F = 0.533, p

=0.01).
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Figure 3.3: Generalized Additive Model (GAM) selection; a series of GAMs were generated to
explain richness at Im?and 5m?and for z — the slope of the Species Area Relationship (SAR).
Deviance explained by each model is graphed in order of decreasing complexity. Values are
provided in Supplementary Table 2.

Confirmation of expected trends

We found support for our assumption that C. vulgaris standardized biomass declined
with elevation (F (1,57) = 44.79, p < 0.001; Supplementary Figure 10). As expected
(Supplementary Figure 11A), we found a unimodal relationship between plant species richness
and elevation, at both 1m? (Supplementary Figure 11B) and 5m?scales (Supplementary Figure
11C), and no relationship between elevation and z (Supplementary Figure 11D). We predicted
that the relationship between C. vulgaris invasion intensity and species richness both at the 1

m? and the 5m? scales was unimodal, therefore z would be consistent across all elevations
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(Supplementary Figure 12A). As expected, at the Im?and 5m?scale the relationship was
unimodal; maximum species richness is associated with a C. vulgaris biomass of ~ 2000 g m™
(Supplementary Figure 12B), while at the 5m? scale, maximum species richness occurred at
~50% C. vulgaris cover (Supplementary Figure 12C). In line with predictions, C. vulgaris cover

had no significant direct effect on z (Supplementary Figure 12D).

Interactive trends

The interaction of C. vulgaris invasion intensity and elevation were significant in all three
GAMs. GAM predictions for species richness at a 1m?scale at three example elevations, 1072m,
1296m and 1452m — which are representative of low, intermediate and high elevations in TNP —
are provided in Figure 3.4. At the intermediate and high elevations, the relationship is
unimodal, with peak species richness predicted at 3000 and 2500 g m™2 C. vulgaris biomass at
the example elevations of 1452m and 1296m, respectively. Conversely, at 1072m increasing C.
vulgaris biomass is associated with a monotonic decline in species richness. At a 5m?scale,
richness at low elevation declines with moderate C. vulgaris canopy cover and then increases
modestly (Figure 3.5). Conversely, at the intermediate and high elevations, the relationship is
unimodal, with peak species richness predicted at 750 and 1000 g m™ C. vulgaris biomass at the
example elevations of 1452m and 1296m, respectively. At the low elevation, the relationship is
weak, with marginally higher richness at very low C. vulgaris biomass (< 500 g m2). The
relationship between z and C. vulgaris cover changed sign with elevation (Figure 3.6). At the
high elevation, the relationship was unimodal, with z peaking at 30% C. vulgaris canopy cover
and declining sharply at higher C. vulgaris covers. At the intermediate elevation, this
relationship is maintained but is weaker. In contrast, at the low elevation, the relationship is

also unimodal but inverted, with minimum z associated with 30% C. vulgaris cover.
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Figure 3.4: Modelled native alpine plant species richness at a 1m?scale as a function of Calluna
vulgaris biomass (g m) in Tongariro National Park, New Zealand.Predictions are provided
separately for three example elevations: 1072m (red, representative of low elevation), 1296m
(yellow, intermediate elevation) and 1452m (blue, high elevation).
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Figure 3.5: Modelled native alpine plant species richness at a 5m?scale as a function of Calluna
vulgaris biomass (g m) in Tongariro National Park, New Zealand. Predictions are provided
separately for three example elevations: 1072m (red, representative of low elevation), 1296m
(yellow, intermediate elevation) and 1452m (blue, high elevation).
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elevation)
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Discussion

Species invasions typically reduce species richness at small but not large scales (Powell
et al. 2013), however this effect should be modulated by environmental stress conditions as
well as by the intensity of the invasion. Here, we explored the correlation between invasion
intensity and species richness at the 1m?2 and the 5m?scale, as well as the slope of SAR - z -
along alpine elevational gradients. We used two measures of invasion intensity because we
predicted that aboveground biomass of the invader would drive the strength of species
interactions at small scales, whereas at larger spatial scales canopy cover would indicate the
prevalence of invader impact. We found support for this prediction. We also found support for
our expectation that the sign of the interaction between the invasive species and native species
richness was dependent on environmental stress conditions (Callaway et al. 2002, He et al.
2013). Further, we found that, in line with Hyps, at small scales both positive and negative
interactions were magnified by increasing invader biomass in most cases. Further, we found
partial support for Hyp,, that the effect of invasive species canopy cover on z in high stress but
not low stress environments would be non-linear. Instead, we found that the effect of canopy
cover on z was unimodal in both cases. A key finding of our study is that the effect of invasive
plants on both parameters of SAR can change in both magnitude and sign depending on
environmental stress, indicating that species invasions may have variable consequences for
native species richness at both small and large spatial scales. Furthermore, both invader

biomass and canopy cover determine richness outcomes at larger spatial scales.

Global change drivers may have variable effects at different spatial scales (Chase and
Knight 2013). Implicit in our hypotheses was the assertion that we expected different aspects of
invasion to drive species richness responses at different scales. We anticipated that invasive
species can affect SAR in two different ways: by facilitating or competing with neighbours,
thereby changing c, or by augmenting or interacting with habitat heterogeneity, thereby
changing z. Through our model selection process, we confirmed this assertion. Species richness
at small scales was driven by invader biomass and therefore is likely a reflection of local scale
interactions. In contrast, z was driven by invader canopy cover across larger spatial scales,

which should indicate the prevalence of local scale interactions. Canopy cover and biomass of
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the invader were was not strongly correlated, suggesting that these two aspects of invasion
intensity can be relatively distinct. As a consequence of these two processes, richness at a 5m?
scale was predicted by both measures of invasion intensity and our model explains a large

proportion of deviance in species richness.

We found that the effect of an invasive species on native plant richness at the 1m? scale
was dependent upon environmental stress conditions, which is in line with expectations
according to the SGH. We confirm Hyps, finding that at small scales, the magnitude of both
competitive and facilitative species interactions are contingent on invader biomass. Biomass
linearly predicted competitive effects, which was expected because experimental data shows
that larger removals are associated with greater biomass compensation (Rixen and Mulder
2009). This is likely to occur because traits such as stature and foliar density are reflected in
biomass and are known to affect competition intensity and relative competitive ability (Carboni
et al. 2018). However, in the case of facilitative interactions in high stress environments, we
expected an inflection point above which the net interaction would be negative, because
biomass shifts the balance of competition and facilitation (Malanson and Resler 2016). Our
results show that at high elevation, the inflection point occurs at very high invader biomass. In
this context it is important that we confirm, using standardized biomass, that high biomass C.
vulgaris stands rarely occur at high elevations in TNP (Chapman and Bannister 1994, Rogers and
Leathwick 1996). Therefore, at high elevation, native-invasive species interactions should be
predominantly facilitative. Few studies report facilitative interactions between native richness
and invasive species (Rodriguez 2006). Our results suggest that the potential for facilitative
native-invasive interactions may considerable if invaders are morphologically plastic. If small
plant stature results in net facilitative effects (Malanson and Resler 2016) and small plant
stature is favoured by stressful high alpine environments (Kérner 2013) then plastic invasive
species should attain smaller stature at high elevation and have predominantly facilitative

interactions.

The first aspect of Hyp2 was that the effect of the invasive species on the scaling
parameter - z- can change sign with environmental stress. We find support for this hypothesis.

This is expected in line with the SGH, as the nature of local interactions should change.
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However, this is a novel insight, because the prevailing literature suggests that invasive species
effects should have consistent effects on z. We find partial support for the latter aspect of Hypz;
instead of a monotonic relationship at low elevation and a unimodal relationship at high
elevation, we find a unimodal relationship with z in both contexts. We expected to find a
unimodal relationship at high elevation because the effect of nurse plants is to increase local
diversity by facilitating some native species, however, where total vegetative cover is high over
larger scales, we expect habitat homogenization through which open habitats that host high
alpine specialists are lost. Abiotic conditions inside and outside the influence of a nurse species
are typically substantially different (Caceres et al. 2015) and habitat variability drives the high
diversity of high alpine systems (Caceres et al. 2015, Bhatta et al. 2018). Therefore, the greatest
facilitative effect of nurse plants on species richness at large scales should occur where they are
patchy, allowing for both nurse and open habitat types. Where nurse plants introduce a novel
environmental condition, they may increase species richness at larger spatial scales (Callaway et
al. 2002). Conversely, where invaders have high canopy cover, studies find that species richness
at large spatial scales decrease (Rojas and Zedler 2015). Our results support this interpretation

by showing that moderate canopy cover over large spatial extents promotes native richness.

In Hyp2 we predicted that in low stress environments, competitive effects should result
in a monotonically increasing z. This hypothesis was based on previous work which
demonstrated that invasive species outcompete species randomly (Powell et al. 2013). The
resulting neutral sampling of species should lead to disproportionately large competitive effects
for abundant species while rare species remain relatively unaffected (Powell et al. 2013).
Contrary to this expectation, we found a unimodal relationship between invader canopy cover
and z in low stress environments; at low canopy cover, the effect of invasion was to decrease z.
A decreasing z indicates that competition with the invader did not result in the neutral sampling
of species. Non-neutral exclusion of species may occur at low C. vulgaris canopy cover because
the establishment of C. vulgaris is non-random. Observational studies suggest that the species
establishes well in inter-tussock spaces, leading to the selective extirpation of prostrate inter-

tussock shrubs and herbs (Chapman and Bannister, 1990). A more thorough investigation of
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species which may be particularly at risk of competitive exclusion is warranted. Some analysis

pertaining to species identity is provided in Appendix 3.

Commonly, invasive species impacts on native community richness are evaluated by
contrasting uninvaded and densely invaded communities (Stohlgren and Rejmanek 2014).
However, the effect of invasive species is commonly driven by density (Bradley 2013, Michelan
et al. 2018), and this is supported by the analysis presented here. We find that the
consequences of invasive species on SAR are non-linear in response to both biomass and
canopy cover. Further, the impact of invasion may be contingent on the identity of the invader
(Traveset et al. 2008). Invasive plant species can produce local species interactions of different
intensities because they vary in plant traits (Low et al. 2015). Further, the effect of local
interactions on species richness at larger scales is dependent on spatial patterns of invasion
which are also dependent on several variables (Shields et al. 2014). For example, soil
characteristics can drive spatial patterns of species establishment, but have not been explicitly
included here. In order to fully understand the implications of invasion for species richness, it is
imperative that we incorporate such aspects of invasions. Furthermore, global change drivers
are especially likely to elicit non-linear responses (De'ath and Fabricius 2000) as species
interactions are altered by climate change (Tylianakis et al. 2008). Our results indicate that
invasive species impacts across scales are non-linear. We advocate the use of non-binary

studies of the effects of invasive species.

In alpine communities, many studies report that facilitative interactions drive non-
negligible patterns in richness (Butterfield et al. 2013, Dvorsky et al. 2013, Cavieres et al. 2014,
Kikvidze et al. 2015). We support previous work indicating that invasive species can be
facilitators of native biodiversity (Rodriguez 2006) and show that particularly in communities
with high environmental stress, this effect is equal to or greater in size than the competitive
effects which shape patterns of biodiversity at lower elevations. Species invasions to high alpine
areas are increasingly leading to homogenization of high alpine communities (Jurasinski and
Kreyling 2007). This may occur because of the increasing preponderance of nurse facilitated
species, and the exclusion of open habitat specialists. Consequently, facilitative interactions
with invasives need further investigation to understand their broader impacts on species
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richness. Furthermore, habitat variability may be key parameter determining the sign of the

impacts of facilitative interactions at larger scales.

A large limitation of this study is the use of vegetative surveys, which conflate
correlation with causation. For example, it is important that the correlation between invasive
species canopy cover and native plant richness at high elevation could operate through one of
two mechanisms. Firstly, the invasive species could act as a nurse, ameliorating the abiotic
conditions experienced by native species. In this case, native species interactions with the
invader would drive species richness patterns. Alternatively, invasive canopy cover patterns
could be driven by underlying habitat variability. For example, variability in substrate quality
may drive invasive canopy cover patterns. In this case, invasive canopy cover would also
correlate with richness patterns, provided that richness and invasive species cover respond
similarly to habitat variability. The survey data presented here does not allow us to disentangle
correlation and causation, and we suggest removal experiments are required to further
investigate the mechanism behind these patterns (Hector and Loreau 2007, McLaren and
Turkington 2011). A similar issue arises from interpretation of this data in the context of climate
change. If plant interactions respond to climate change in a way that is analogous to their
behaviour along stress gradients, then we predict that competitive interactions between the
native community and invasive species are likely to prevail under climate change. However,
elevational gradients constitute a number of correlated abiotic gradients, including gradients of
temperature, water availability, disturbance, and many other factors (Whittaker 1967), not all
of which may be analogous to those imposed by future climate change. The relative
contribution of environmental gradients and null effects to species richness patterns along
elevational gradients are widely debated and appear variable among ecosystems (Zhang et al.
2018). Standardization of sampling effort may not be sufficient to overcome the contribution of
null patterns, allowing the comparison of communities (Chase and Knight 2013). Consequently,
we cannot predict climate change impacts on SAR in our study system. However, a description
of pattern may remain useful in anticipating the direction of climate change predictions. A
recent study comparing the importance of factors for predicting SAR along an elevational

gradient concluded that climatic variables were the most important predictive factor and that it
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was reasonable to expect that global warming may result in an uphill shift of peak richness

(Zhang et al. 2018).

An additional limitation of our approach is the use of richness as a response variable.
Biodiversity is multifaceted, including richness, but also species identity, dominance and rarity
(Hillebrand et al. 2018). Richness is an informative metric as it is associated with community
stability and ecosystem functioning (Hillebrand et al. 2018, Wang et al. 2018). SAR provides
more information than simple richness measures because SAR indicates the size of the
geographic area which is required to maintain species richness (Socolar et al. 2016). However,
invasive species may affect dominants and subordinates (Rojas and Zedler 2015) or various life
forms (Nielsen et al. 2015) differently. Consequently, species extinctions are non-random (Isaac
and Williams 2013). Our data indicate that the competitive exclusion of species by the invader
in our study system can be non-random. We cannot identify the species which are excluded in
this analysis, but we provide some insight into the identity of vulnerable species in Appendix 3.
There is no unified framework for understanding the effects of invasive species on biodiversity
(Vila et al. 2011). To understand the full effect of invasive species on biodiversity, metrics which

account for species identity should also be considered.

Global environmental change is likely to facilitate range expansion of invasive plants into
alpine ecosystems through increasing propagule pressure, and a reduction of abiotic filtering
(Alexander et al. 2016), thereby increasing the urgency in understanding the potential for plant
invasions to alter biodiversity patterns. Our study illustrates that the impact of invasive species
on SAR is highly dependent on environmental stress as well as both the biomass and prevalence
of the invasive species. Our results suggest that the impact of invasive species on spatial
diversity patterns may change with environmental stress. Further, we find that invasion
intensity determines the outcome of interactions between invasive species and the native
community. Therefore, predictions aimed at contributing to effective conservation
management in landscapes affected by invasion in a changing climate require more than simple

predictions of invader presence.

63



64



4 Density-dependent effects of an invasive species on the spatial

distribution and abundance of a native species under future climate
scenarios

Chionochloa rubra (red tussock) in a community that is uninvaded by Calluna vulgaris in the
Rangipo desert.

Giejsztowt, 2018
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Introduction

Climatic change is a direct cause of shifts in plant species’ distributions (Parmesan and Yohe
2003), but may also have indirect effects on plant distributions by altering interactions between
species (Wisz et al. 2013). Indirect effects of warming mediated through species interactions
are predicted to be the greatest threat to biodiversity and ecosystem functioning globally
(Tylianakis et al. 2008, Schweiger et al. 2010, Mohan et al. 2014, Classen et al. 2015, Farrer et
al. 2015). For example, increased competition with invasive plant species can exacerbate abiotic
effects of global warming and result in species extinctions (Brook et al. 2008). However,
interactions with invasive species are rarely incorporated into spatially explicit ecological
forecasts (Watling et al. 2013, Weber et al. 2017). This is, in part, because the impacts of
climate and species interactions on species’ distributions typically operate at different scales
(Bullock et al. 2000, Copenhaver-Parry and Bell 2018). Consequently, climatic and biotic
interactions have largely been dealt with separately by two bodies of work, Species Distribution
Modelling (SDM) and community ecology, respectively (Pollock et al. 2014). SDMs are generally
used to forecast species’ distributions, often under changing climates (Watling et al. 2013,
Fordham et al. 2014). In contrast, exploring how species interactions shape species across large
spatial extents have largely been investigated through the lens of community assembly, which
is inferred using co-occurrence matrices derived from field-collected data (Pollock et al. 2014).
Recently, attempts to integrate these two bodies of work have increased, leading to modelling

methods such as such as Joint Species Distribution Models (JSDM; Pollock et al. 2014) .

Invasive plant species that successfully outcompete native species may limit their
distributions (Bullock et al. 2000, Bjerknes et al. 2007, Isaac and Williams 2013), however most
commonly the effect of invasive species is to decrease of the density of native species in the
landscape (Powell et al. 2013). Decreasing density nevertheless has important implications for
population persistence (Sexton et al. 2009). Consequently, substantial effort has been made to
predict the geographic areas at risk of invasion using SDM (Jimenez-Valverde et al. 2011).
Building on this work, JSDMs implement a hierarchical modelling structure in which climatic
factors are used to predict suitable habitats while residual variance is partially explained by co-
occurrence patterns with other species (Pollock et al. 2014). Although JSDMs are a useful tool
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for investigating the impact of species invasions, they are occurrence based, whereas the
impact of invasive species is likely to be determined by invader density (Kulhanek et al. 2011,
Bradley 2013). Invasive species modelling studies have been criticised for implicitly equating
risk of invasion with risk of impact, with few studies attempting to explicitly model where
invasive species presence is likely to elicit ecological response (i.e. ‘impact niche’ sensu Bradley
2013). The densities of plant species are rarely modelled directly because spatially explicit
abundance data are scarce (Nielsen et al. 2005, Van Couwenberghe et al. 2013) particularly at
sufficiently large spatial scales to apply SDM approaches (Bradley 2013). In addition, despite
efforts to standardise collections, currently available data on species densities use inconsistent
methodologies (Bradley et al. 2018). As a result, models predicting the occurrence of invasive
species (hereafter, ‘occurrence niche’) are prolific (Nielsen et al. 2005) but of limited use to
conservation managers. Models that incorporate species densities would allow better
predictions of changes to native species densities and ranges and are therefore pivotal to

improving conservation management planning (Nielsen et al. 2005, Kulhanek et al. 2011).

A link between occurrence-driven SDM predictions and density may be derived from the
abundant-centre hypothesis, first formulated by Brown (1984). If similar environmental
variables act to define both species distributions and population demography (Weber et al.
2017) then the highest density should occur in the centre of the ecological niche space (Van
Couwenberghe et al. 2013, Dallas et al. 2017). Van Couwenberghe et al. (2013) found support
for the abundant-centre distribution by modelling 243 plant species, observing peak abundance
of most plant species in optimal environmental conditions. However, the success of occurrence-
driven climate envelope models for correctly predicting species density (hereafter,
‘environmental suitability-density relationship’) is variable (Nielsen et al. 2005, Veloz et al.
2015, Dallas et al. 2017), with some studies reporting good fits (Van Couwenberghe et al. 2013,
Weber et al. 2017), while other studies find variable or poor predictions (Bradley 2013, 2016).
This may be because relationships between species and the environment are typically so-called
‘triangular constraint envelopes’; environmental variables universally constrain species’
densities to low levels at the edge of the species’ environmental niche, however highly

climatically suitable areas may have high or low densities, depending on many non-climatic
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factors, such as source-sink dynamics, species interactions, dispersal, and time from
colonisation (VanDerWal et al. 2009, Weber et al. 2017). Appropriate statistical tools, such as
guantile regressions, yield better results than least squares regression in these cases

(VanDerWal et al. 2009, Weber et al. 2017).

Here, we couple modelling with a large-scale field study to explore the distribution of a
native species, Chionochloa rubra ssp. rubra (Poaceae) under current and potential future
climates, as well as in response to plant invasion, in Tongariro National Park (TNP), New
Zealand. This project was carried out in collaboration with Ngati Rangi, a local iwi (tribe) as part
of a larger body of work aimed at restoring capacity to act as kaitiaki (guardians) of TNP by
strengthening the connections between Ngati Rangi and the science underpinning conservation
management in TNP. As part of this process, we ran interviews with pahake (elders) and others
with mohiotanga (knowledge holders). One justification for the selection of C. rubra as a focal
species is its status as taonga tipu (treasured plant species) by local indigenous people. In this
chapter, we use C. rubra as an example species to illustrate a novel modelling methodology.
However, as part of a larger body of work, we modelled the responses of four other taonga tipu
to climate change and plant invasion- Anisotome aromatica, Coprosma perpusilla,
Dracophyllum recurvum and Gentianella bellidifolia. The modelling outcomes for these other

species are provided in Appendix 4.

Here, we model both climate and pairwise density dependence of C. rubra with an
invasive species (Calluna vulgaris (L.) Hull; Ericaceae) in a novel hierarchical framework. First,
we use occurrence data to calibrate climate envelope models for both species. We hypothesise
(Hyp1) that under projected future climate in TNP, the geographic distribution of C. rubra will
decrease, while the distribution of C. vulgaris will expand. Second, we use field collected
density data to identify density thresholds of C. vulgaris at which C. rubra densities were
significantly reduced. We hypothesise (Hyp2) that high C. vulgaris densities are associated with
low C. rubra densities. Third, we relate local densities of C. vulgaris to environmental suitability,
derived from its occurrence-driven climate envelope model using quantile regression. We
hypothesise (Hyps) that environmental suitability is predictive of the upper limit of C. vulgaris

densities. Finally, we integrate these analyses to make risk projections for C. rubra. We divide
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the geographic extent of the park under both the current and projected future climate into four
categories - a) climatically unsuitable for C. rubra, b) climatically suitable for C. rubra with no
overlap with C. vulgaris, c) climatically suitable for C. rubra and overlapping with the occurrence
niche distribution of C. vulgaris, and d) climatically suitable for C. rubra and overlap with the
impact niche distribution of C. vulgaris. We hypothesise (Hypa) an increasing overlap between
the distribution of C. rubra and the impact niche distribution of C. vulgaris under future climate

predictions.
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Methods

Study system

Tongariro National Park (TNP) is an alpine conservation area in the central North Island
of New Zealand (-39.25°N, 175.58°E). The park is currently 1.5°C warmer and drier (-5mm of
rain/year) than it was 50 years ago and the climate is predicted to continue changing (IPCC
2014), threatening the persistence of native alpine communities (Halloy and Mark 2003). An
additional driver of ecological change in TNP is the invasion of Calluna vulgaris (L.) Hull
(European heather; Ericaceae); a non-native species that was introduced to the park in 1912
(Chapman and Bannister 1990, Rogers and Leathwick 1996). C. vulgaris invasion into
communities reduces the occurrence, density (Keesing 1995), and sexual reproduction (Chapter
2) of native plant species. Tall tussock grasslands are a distinct vegetation type (Steer and
Norton 2013) that were historically prevalent throughout TNP (Atkinson 1985). Such grasslands
were dominated by C. rubra but have largely given way to C. vulgaris dominated shrubland in
many areas (Rogers and Leathwick 1996). In uninvaded communities, C. rubra provides
ecosystem structure and facilitates the growth of other native plant species (Reitsma 1994).
The distributions of both C. vulgaris and C. rubra are likely to be climatically driven, with

occurrences strongly controlled by elevation (Steer and Norton 2013).

Density surveys

We estimated canopy cover (%) of both C. rubra and C. vulgaris within 1m? GPS tagged
guadrats around TNP (n = 490). These measurements were carried out during two discrete
sampling efforts. 1) In 2016, we established transects along fourteen sampling locations, within
three elevational transects in the northwest, west and east of the park. Sampling locations
along the transects were spaced at 100 vertical metre intervals, from the lowest elevations at
the park boundary (900-1000 m a.s.l.) to the elevational limit of C. vulgaris (1300 to 1500m
a.s.l.). Ten 1m? plots were surveyed at each location and canopy cover of all species recorded.
Placement of plots was systematic within a 500m? Whittaker plot design, following (Powell et
al. 2013). 2) In 2018, we surveyed along four elevational transects in the north, south,
southeast and northeast of the park. These transects generally followed established trails, with

surveys conducted a minimum of 50m from the trail, approximately every 50 vertical metres,
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from the periphery of the park to the highest elevation at which vegetation was found (up to
2240m a.s.l.). Additional survey locations along the periphery of the park were included in
order to adequately sample the extensive lowlands. At each survey location, a 23m transect
was laid perpendicular to the slope, over the most continuous vegetation patch found; five 1m?
plots were randomly placed along the transect and were assessed for canopy cover of C.

vulgaris and C. rubra.

Climate envelope modelling

To address Hyps, that the distribution of C. rubra will contract and the distribution of C.
vulgaris will expand in response to predicted changes in climate, we built ensemble SDMs for
both species. We chose to use ensemble models because previous studies speculate that they
may be most suitable for environmental suitability-density applications (Weber et al. 2017).
Ensemble models may better describe the margins of environmental suitability because they
provide a good indication of uncertainties (Aradjo and New 2007). Our study is, to our
knowledge, the first to have applied ensemble modelling for this purpose. Occurrence data
used to calibrate climate envelope models were drawn from the described field surveys, from
the Global Biodiversity Information Facility (GBIF; www.gbif.org) and from the Botanical Society
of Britain and Ireland (BSBI; https://bsbi.org/) and supplemented with occurrence records
collected throughout TNP in the years 2015-2018 (n = 118,734 and 1905 for C. vulgaris and C.
rubra, respectively). Occurrences were drawn for C. rubra from several protected areas on the
North Island of New Zealand (Supplementary Figure 14) using the Protected Area Layer
(retrieved from www.data.linz.govt.nz in May 2018). Boundaries were delineated with the
addition of a with a three-kilometre buffer to include occurrences in similarly vegetated
habitats which commonly occur just outside the parks. We calibrated the climate envelope for
C. vulgaris within TNP (with a 3km buffer, as for C. rubra) as well as for a subset of its native
range in Europe. To reduce observer bias, we included only those areas of the native range
within which the occurrence of C. vulgaris appeared to be widespread (Bradley 2016); a strong
sampling bias was evident across the native range of C. vulgaris whereby Western Europe had
significantly more occurrence records than Eastern Europe and the margin of densely surveyed

areas was clearly delineated by political borders. The total number of occurrences used to
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calibrate the final model was 5971 for C. vulgaris and 169 for C. rubra. All public repository data
with low geographic precision were removed from the dataset. The dataset was partially
corrected for observer bias by limiting observations to one per 30 arcsecond grid cell (Dormann
et al. 2012). The geographic extent of calibration was limited for both species in ARCGIS 10.4.1
(ESRI 2011) by cropping environmental predictor layers. We downloaded current and future
climatic data as bioclimatic variables (BIOCLIM; retrieved from www.worldclim.org/bioclim in
2017) raster layers at a 30 arcsecond resolution (Hijmans et al. 2005). Current climatic
conditions are based on interpolations of observed climatic data from 1960-1990. To describe
future climates, we averaged the predictions of five Global Circulation Models (GCMs;
HadGEM?2-ES (MOHC: UK), GISS-E2-R (NASA-GISS: USA), GFDL-CM3 (NOAA-GFDL: USA), BCC-
CSM1.1 (BCC: China) and NorESM1-M (NCC: Norway)) for 2070, separately for representative
concentration pathways (RCP) 4.5 and 8.5. GCM choice was based on the ability to validate
present climate data in New Zealand, as well as to encompass the maximum variation in

projections (Mullan et al. 2018).

Models were calibrated in R version 3.5.1 (R Development Core Team 2016). To inspect
collinearity among BIOCLIM predictor layers, we used the function ‘prcomp’ in the package
‘factoextra’ version 1.0.5 (Kassambara and Mundt 2017) to conduct a principal component
analysis. Predictors with low variability over the calibration range were excluded. We calculated
a series of preliminary models for each species in the ‘biomod2’ package, version 3.3.7 (Thuiller
et al. 2009). We used one set of environmentally stratified pseudo-absences (a measure of the
available environmental conditions; Barbet-Massin et al. 2012) in preliminary models (n = 2985
and 84 for C. vulgaris and C. rubra, respectively). We modelled with the following algorithms:
Artificial Neural Network (ANN; Ripley 1996), Generalized Additive Model (GAM; Hastie and
Tibshirani 1990), Generalized Linear Model (GLM; McCullagh and Nelder 1989), Multiple
Adaptive Regression Splines (MARS), Random Forest (RF; Breiman 2001) and Surface Range
Envelope (SRE/BIOCLIM; Busby 1991). We included all predictor variables in the first
preliminary model and excluded colinear variables in a stepwise fashion in subsequent models
based on variable importance. Variable importance was calculated as an average from three

permutations within the ‘BIOMOD_Modeling’ function for each modelling algorithm
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independently. The two most important, uncorrelated variables were included in the final

model.

Ten sets of environmentally stratified pseudo-absences were selected to build the final
model. Each algorithm was run three times with a 70:30 split of the data for each pseudo-
absence dataset; and once on each full pseudo-absence dataset. This resulted in 240 individual
models. Individual models that satisfied a validation criterion of Receiver Operating
Characteristic curve (ROC) >0.7 were included in a model ensemble and mean-weighted. We
projected the final ensemble model of C. vulgaris and C. rubra distributions in current and
predicted future climates in TNP. We transformed probabilistic ensemble model projections of
C. rubra and C. vulgaris distributions under the current climate into binary predictions. We used
the ‘roc’ function in the package ‘pROC’ (Robin et al. 2011) to build a ROC curve with
probabilistic predictions at each of our field survey points as the predictor and true
presence/absence data from our field surveys as the response variable. We chose thresholds

from the ‘local maximas’ provided by pROC, prioritising the sensitivity of both models.

Density-dependence

To address Hypa, that high densities of C. vulgaris are associated with lower densities of
C. rubra than expected based on climate information alone, we used co-occurrence patterns
derived from the canopy cover of the two species within 1 m? quadrats. We subset the total
survey data (n = 490) to only include those survey locations where presence was predicted by
climate envelope models for both species (n = 310). Both species were absent from a
substantial portion of the surveyed plots (n = 103), which may reflect small-scale environmental
conditions such as inadequate soil or frequent disturbance that excluded both species. We also
excluded plots where C. vulgaris was absent, to decrease the effect of dispersal limitation. The
remaining data subset (n = 77) was used in the following analyses. Co-occurrence data were
analysed using a Boosted Regression Tree (BRT) in the package ‘gbm’ (Greenwell et al. 2018). A
typical feature of ecological datasets is non-linear data (De'ath and Fabricius 2000), particularly
when global environmental change is incorporated (Tylianakis et al. 2008). BRT is a useful
technique to explore these data, particularly as it is robust to permutations in the training data
(Iverson et al. 2004) and the thresholds it produces are useful for land managers (Panetta and
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Gooden 2017). We followed Elith et al. (2008) to calibrate the BRT. The model was calibrated
with a learning rate of 0.01, a bag fraction of 0.5 and a step size of 0.1. As the purpose of the
analysis was to identify thresholds rather than closely model the data, tree complexity was set
to 1. The BRT was poorly descriptive, therefore the viability of the partition identified by the
BRT was further supported with Wilcoxon-signed rank tests using the function ‘wilcox.test’. We
expect that the poor descriptive power of our BRT is primarily a result of zero-inflated data,

which is typical of ecological datasets (Bellvé 2018).

Environmental suitability-density relationship

Our third hypothesis (Hyps) was that the upper limits of C. vulgaris densities can be
predicted from climatic suitability predictions derived from a presence-driven climate envelope
model. We extracted environmental suitability scores predicted by the C. vulgaris climate
envelope model for all quadrat locations. We derived a series of relationships between C.
vulgaris environmental suitability and percentage cover using quantile-regression in the
‘quantreg’ package version 5.36 (Koenker et al. 2018). We calculated regressions for the 50",
60t™, 70t™, 80", 90", and 97" quantiles. We determined standard error for each quantile using
200 bootstraps and calculated Nagelkerke’s r? to estimate predictive power, using the ‘rg’
function in the package ‘rcompanion’, version 1.13.2 (Mangiafico 2018). Nagelkerke’s r? is more

appropriate for quantile regression than traditional r? values (VanDerWal et al. 2009).

Prediction

Our final hypothesis (Hypa) was that under all climate scenarios, a large proportion on
the geographic space climatically available to C. rubra is also climatically suitable for high
densities of C. vulgaris (within the impact niche). We transformed climate model projections of
C. vulgaris distributions under the current and future climates into three partitions, based on
two thresholds. The first partition was derived as described above. The purpose of this first
partition was to delineate areas in which C. vulgaris does and does not occur: its occurrence
niche. The purpose of the second partition was to delineate areas in which it is possible for C.
vulgaris to reach high densities that are associated with depressed densities of C. rubra: its
impact niche. To achieve this, we used the ‘predict.rq’ function in the ‘quantreg’ package. We
predicted the environmental suitability value associated with the C. vulgaris density threshold

74



identified by BRT, as defined by the 90" quantile regression. Finally, we overlaid C. rubra spatial
projections with spatial projections of the occurrence and impact niches of C. vulgaris. We
calculated the proportion of TNP land area (as pixel numbers) corresponding to each

combination of predictions for the two species.
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Results

Climate envelope modelling

The ensemble climate envelope models for C. vulgaris and C. rubra performed well. The
C. vulgaris model had a ROC of 0.98, a sensitivity of 0.94 and a specificity of 0.96. C. vulgaris
was most responsive to mean temperature of the warmest quarter (variable importance =
0.93); diurnal temperature variability also explained some variance (variable importance =
0.13). Under the current climate, C. vulgaris is climatically limited only at high elevation; 586.3
km? of the 796km? park is climatically suitable for the occurrence of this species. In 2070 we
predict an expansion of this occurrence niche at higher elevations and no contraction at lower
elevations. We predict that an additional 154km? of the park will become climatically suitable
for C. vulgaris occurrence under RCP 4.5 and 183.6km? under in 2070 under RCP 8.5. The C.
rubra ensemble climate model also performed well, with a ROC of 0.99, a sensitivity of 0.94 and
a specificity of 0.98. C. rubra was most responsive to mean temperature of the wettest quarter
(variable importance = 0.87). Total precipitation of the wettest quarter was also predictive
(variable importance = 0.15). Our model indicates that C. rubra occurrence is climatically limited
at both high and low elevations under the current climate. In 2070, we predict a small upslope
expansion of this species, and a significant contraction of its range at low elevations, resulting in
an overall decrease in climatically available geographic area. Under the current climate, 167.2
km? of TNP is climatically unsuitable for this species; in 2070 under RCP 4.5 and 8.5, an

additional 152.7 km? and 328.8 km? of space becomes climatically unavailable, respectively.

Density dependence

We hypothesised that high C. vulgaris density is associated with depressed C. rubra
density (Hyp2). We record a negative density-dependence correlation between C. rubra and C.
vulgaris (Figure 4.1A). The final BRT was built with 50 trees and identified tipping points in this
relationship at 77.5% and 32.5% C. vulgaris cover, categorising C. vulgaris density into “low’ (<
32.5% cover), ‘medium’ (32.5% - 77.5% cover) and “high’ (> 77.5% cover; Figure 4.1B). The
predictive power of this analysis was poor, explaining only 5.01% of total variance. However,
the difference between the three partitions was supported by Wilcoxon rank sum tests. Plots

with low C. vulgaris cover have an average C. rubra cover of 6.75%. In comparison, average
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cover of C. rubra in plots with medium C. vulgaris cover was significantly less (3.06%; W = 968.5,
p < 0.001). Where C. vulgaris density was high, average C. rubra cover was dramatically
changed, with an eight-fold decrease relative to plots with low C. vulgaris density (0.84%; W =
489, p < 0.001). We therefore chose this threshold as the density delineating the impact niche

of C. vulgaris.
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Figure 4.1: Density dependence of Chionochloa rubra and Calluna vulagris: A) Canopy cover of
C. rubra as a function of C. vulgaris canopy cover; B) predictions of the impact of C. vulgaris
canopy cover on C. rubra canopy cover from the Boosted Regression Tree analysis. Dashed lines
in both plots indicate major thresholds identified by the analysis (77.5 and 32.5% cover).
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Environmental suitability-density relationship

Our third hypothesis was that the upper limit of C. vulgaris density can be modelled
using occurrence-derived environmental suitability. We found strong support for a triangular
constraint envelope environmental suitability-density relationship for C. vulgaris (Figure 4.2).
Both least squares regression and all quantile regressions showed a positive relationship
between predicted environmental suitability and C. vulgaris density (Table 4.1). However,
explanatory power was highest for upper quantiles: at the 90" percentile, 65% of variance in C.
vulgaris density was explained by predicted environmental suitability, significantly more than
the 20% explained by ordinary least squares regression (t = 10.84, p < 0.001).
Table 4.1: Performance of six quantile regressions in predicting the environmental suitability-
density relationship. Quantile regressions model Calluna vulgaris canopy cover based on

environmental suitability scores predicted from an ensemble climatic model in Tongariro
National Park, New Zealand.

Quantile Estimate Standard Error tvalue pvalue Nagelkerke r?
0.50 0.003 0.002 2.181 0.030 0.020
0.60 0.011 0.005 2.064 0.040 0.112
0.70 0.027 0.005 5.764 <0.001 0.330
0.80 0.052 0.007 7.188 <0.001 0.520
0.90 0.080 0.007 11.390 <0.001 0.653
0.97 0.101 0.002  42.735 <0.001 0.730
Prediction

Our fourth hypothesis was that under all climate scenarios, a large proportion of the
distribution of C. rubra overlaps with the impact niche of C. vulgaris. Under the current climate,
486.4 km? of the modelled distribution of C. rubra in TNP overlaps with the impact niche of C.
vulgaris (Figure 4.3). Under RCP 4.5 and 8.5 in 2070 we predict that the impact niche
distribution of C. vulgaris will cover a 442.4 km? and 289.0 km? area of TNP, respectively. Under
future climate scenarios, our model integrating C. vulgaris density predicted as much as 595.1
km?and 617.7 km? (under RCP 4.5 and 8.5, respectively), will be either climatically unavailable

to C. rubra or affected by overlap with the impact niche of C. vulgaris.
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Figure 4.2: Density of Calluna vulgaris as a function of ensemble climatic model suitability
scores, presented with quantile regressions. Lines indicate the relationship as estimated by
ordinary least squares regression (red line) and 97, 90, 80", 70", 60" and 50" quantile
regressions (grey and black lines). Nagelkerke pseudo r? values for each relationship is provided
in the figure legend.
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Figure 4.3: Modelled distribution of
Chionochloa rubra and its overlap with the
impact niche of Calluna vulgaris in Tongariro
National Park under A) the current climate; B)
climate in 2070, RCP 4.5; C) climate in 2070,
RCP 8.5.Blue indicates unsuitable climate for
C. rubra. Green indicates C. rubra co-
occurrence with C. vulgaris: dark green
indicates overlap with impact niche (> 77.5%
C. vulgaris cover; associated with an eight-
fold decrease of C. rubra); light green
indicates overlap with the C. vulgaris
occurrence niche. Yellow indicates climatic
suitability for C. rubra but no occurrence of C.
vulgaris. The boundaries of the park are
indicated in each of the three maps by a dark
black outline and are presented together with
contour lines (grey). The bar chart (D)
guantifies the space within each category
(km?).
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Discussion

In this study, we modelled the distribution of a native plant species, C. rubra, under
future climate change, including pairwise density-dependent competition with the invasive C.
vulgaris. In congruence with (Hyp1), we found strong support for climatic limitation of C. rubra
at both the upper and lower elevational limits of its range and we predicted a range contraction
under future climates. C. vulgaris was limited only at the lower elevational limit of its range and
we predicted a range expansion under warmer climates. In support of Hyp2 we found a
negative density dependence between C. rubra and C. vulgaris, suggesting competitive impacts
of C. vulgaris on C. rubra. We identified a C. vulgaris density threshold of 77.5%; C. vulgaris
densities exceeding this threshold were associated with an eight-fold decrease in the mean
density of C. rubra. Further, we found support for Hyps: at the 90" percentile, 65% of the
variance in C. vulgaris density was explained. Finally, to address Hypa, we quantified the effect
of climate change on the distribution of C. rubra as well as on the degree of overlap with the
distribution of C. vulgaris impact niche and we find that this overlap increases. This novel
combination of methods from species distribution modelling and community ecology allowed
us to predict both the direct effect of climate on C. rubra and its indirect effect, mediated by
the changing distribution of the impact niche of C. vulgaris. As a result, we offer a more

accurate representation of the potential risk for C. rubra in TNP in a warming climate.

Although the range contraction of native alpine species (Halloy and Mark 2003) and the
expanding ranges of lowland species and exotics into alpine habitats (Dainese et al. 2017) are
both commonly predicted consequences of climate change that may affect the persistence of
alpine species, they are often not considered together in modelling studies (Watling et al. 2013,
Wisz et al. 2013; but see e.g. Pollock et al. 2014). We observed a range contraction of C. rubra
in projected future climates relative to current day conditions as a direct effect of climate. This
range contraction occurs primarily at lower elevations and is in line with global predictions
(Engler et al. 2011). Taken alone, this direct effect of climate indicates increased risk of
extirpation of C. rubra in TNP. We concurrently predicted a range expansion of C. vulgaris to
higher elevations within the park. The response of C. vulgaris to a changing climate includes the
geographic expansion of both its occurrence niche and its impact niche at the leading edge. The
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latter occurs as the climate at the upper limits of its elevational distribution become more
suitable for high density stands. By modelling the impact niche, we contribute in a novel way to
the risk assessment of C. rubra. Namely, we find that although contractions of the distribution
of C. rubra that are driven by climate change are significant, the increasing overlap between C.
rubra distribution and the impact niche distribution of C. vulgaris has the potential to adversely
affect C. rubra over a greater spatial extent. The proportion of the predicted climatically
available space where C. rubra may be affected by density-dependent competition from C.
vulgaris rises from 77% to 96% under the current climate scenario and in 2070 under a RCP 8.5
scenario, respectively. An increasing prevalence of competitive effects is expected in alpine
ecosystems generally, and is largely driven by the geometry of mountains, where less space is
available at higher elevations (Kérner 2007). Notably, alpine species are typically stress-adapted
and are therefore poor competitors in less stressful abiotic conditions (Grime 1974). These
characteristics suggest that the need to quantify risk to species resulting from the expansion of
the impact niche distribution of invasive species is particularly acute in alpine ecosystems.
However, such changes may occur in other ecosystem types. For example, the overlap of
species of interest with the impact niche of invasives may occur where the latter are expanding
their distribution in their novel range. It is crucial that such species interactions are

incorporated into SDM more frequently (Wisz et al. 2013).

The occurrence niche of invasive species is often modelled (Jimenez-Valverde et al.
2011) however models of impact niche are rare (Bradley 2013). Attempts to model impact
niche are generally limited by data availability (Nielsen et al. 2005, Van Couwenberghe et al.
2013). Therefore, we developed a novel modelling approach by utilizing the relationship
between occurrence-driven environmental suitability and density of the invasive species. This
allowed us to make use of a large pre-existing occurrence dataset (n = 5971), and supplement
this with a comparatively smaller field collected density dataset (n = 77) to predict impact
niche. Furthermore, we model invasive impact using density-dependent responses, which are
preferable to techniques employing co-occurrence for two reasons. Firstly, density data should
predict invasive impact more accurately than species’ presence (Kulhanek et al. 2011). For

example, we demonstrate significant geographical extents over which C. vulgaris and C. rubra
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are expected to co-occur but in which we predict no significant competitive interactions.
Secondly, the primary competitive effect of invasives on native species may be to reduce their
density rather than occurrence (Copenhaver-Parry and Bell 2018). For example, in our system
we find consistent C. rubra and C. vulgaris co-occurrence, despite known competitive
interactions between the species leading to its decreased abundance in the landscape (Keesing
1995, Rogers and Leathwick 1996). A co-occurrence matrix would have been insufficiently
sensitive to detect these responses. Consequently, relative to co-occurrence, our density-
dependent approach should more accurately identify the areas where competition is likely to
occur by (1) excluding areas where competitive effects are unlikely and (2) being sensitive to

competitive effects other than complete exclusion.

The correct interpretation of model outputs is a prerequisite for their utility in
conservation management (Araudjo and Townsend Peterson 2012). The outputs of this
modelling approach indicate the upper limits of C. vulgaris density rather than its average
density. Modelling the upper limits of density is ecologically meaningful, as climatic variables
may determine upper limits of density at coarse spatial scales without fully explaining density in
all places (VanDerWal et al. 2009, Van Couwenberghe et al. 2013). We therefore predict the
potential impact of climate change and invasion on C. rubra. For example, given the model
predictions in this study we do not expect that C. vulgaris will homogenously attain densities of
> 77.5% over a 486.4 km? area under the current climate. Instead, we predict that this area has
the climatic potential to host such dense stands. This potential is likely to be unrealised in many
areas at small spatial scales, because factors such as soil characteristics, microclimate or
disturbance regime limit species densities at smaller spatial scales. The conflation of potential
and certain impact by climate envelope model users is a common concern with all climate-
envelope SDM approaches (Aradjo and Townsend Peterson 2012). Nevertheless, the approach
provides important information to land managers. For example, areas of minimal impact may
be identified, precluding the waste of management resources in these areas. Alternatively,
managers could delineate containment boundaries based on maximum impact risk. Finally,

understanding threshold densities of the invader at which an ecological response is elicited can
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enable managers to prioritise control to reduce densities below this threshold (Bradley 2013),

thus maximising conservation benefits for native species.

Our approach is inappropriate for modelling the geographic range of an invasive species
that has not yet reached high densities in portions of its novel range. Where invasive species
have not gone through the exponential phase of population growth (Theoharides and Dukes
2007), their density is more likely to reflect dispersal limitation and time-since-arrival than
potential density based on climatic variables (Theoharides and Dukes 2007, VanDerWal et al.
2009, Weber et al. 2017). In these cases, our approach may underestimate invasive effects on
native species. Further, species in the early stages of invasion are likely to have small
geographic ranges (Theoharides and Dukes 2007). This may restrict the power of analyses,
particularly if populations do not span a wide scope of the driving environmental gradients (Van
Couwenberghe et al. 2013, Knouft 2018). Two important criteria of our study system made the
application of this hierarchical density-dependent modelling approach viable. Firstly, C. vulgaris’
environmental suitability scores, derived from the occurrence models, accurately predicted the
local density of this species in the field. Secondly, the invasive species’ impact on native species
could be predicted by the invasive species’ density. We suggest that future applications of our
hierarchical density-dependent modelling approach be limited to ecological contexts that meet

these two criteria.

The power to detect an environmental suitability-density relationship is variable among
studies (Nielsen et al. 2005, Veloz et al. 2015, Dallas et al. 2017), implying that there may be
ecological limitations to its implementation. Several ecological conditions that are likely
important were met in out model ecosystem. For example, C. vulgaris is highly competitive in
TNP (Rogers and Leathwick 1996). Dominant plant species’ densities may be better predicted by
climate envelope models than those of subordinate species, as their distributions are less likely
to be affected by competitive exclusion (Dallas et al. 2017). Further, environmental suitability-
density relationships may break down if species’ distributions and local densities are driven by
different variables (Nielsen et al. 2005, Veloz et al. 2015, Bradley 2016, Dallas et al. 2017). For
example, in some ecosystems, processes like succession strongly influence species density
patterns (Nielsen et al. 2005). In fact, density of species in patchy habitats may be primarily
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driven by non-climatic factors (Van Couwenberghe et al. 2013). Non-climatic factors are
expected to augment the local density of species, resulting in the so-called ‘triangular
constraint envelope’ of density-climate relationships (VanDerWal et al. 2009). If important,
non-climatic factors may weaken the environmental suitability-density relationship (Nielsen et
al. 2005). In these cases, a larger density dataset would be required to validate the trend in the
field. Further, their utility would be compromised by a loss of lower predictive power, resulting
in type Il error in invader impact predictions. Type | error of predictions is only expected if non-
climatic predictors are consistently correlated with climatic variables over geographic space.
The influence of non-climatic factors on the strength of the environmental suitability-density
relationship should be a research priority before similar approaches can be routinely applied to

other ecosystems.

There are several limitations to modelling impact using our density-dependent
approach. Firstly, we assume that species’ interactions can be deduced from correlative density
data. Within our study system, it is likely that negative density dependence of C. rubra and C.
vulgaris is caused by strong competition by C. vulgaris. This assertion is supported by historical
observations of changes in C. rubra density with C. vulgaris invasion (Rogers and Leathwick
1996). However, an important avenue for future work is to experimentally quantify the effects
of pairwise species interactions (Hector and Loreau 2007, McLaren and Turkington 2011). An
additional consideration is that the impact of some invasive species may not be related to their
density. Our approach is not well suited to evaluate the effects of species with unique
characteristics may have large per-capita impacts on ecosystems (Bradley 2013). Finally, our
study is based on correlative climate envelope modelling and is subject to the limitations of
these approaches. Climate envelope models are static and probabilistic in nature, they assume
that correlations between environmental variables are constant, and that variables determining
the range of species are independent (Buckley et al. 2010). This assumption is problematic
when making dynamic predictions, as is the case when predicting climate change responses
(Buckley et al. 2010). Species interactions are likely to vary with climate (Pollock et al. 2014)
even where species’ canopy cover is consistent (Chapter 3). More empirical research is required

to understand species’ interactions under a changing climate. For example, the experimental
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removal of species either in conjunction with experimental temperature manipulation or along
elevational gradients. The use of experimental data to incorporate mechanism into correlative

models should improve the predictive accuracy of such models (Dormann et al. 2012).

SDMis are a leading avenue through which scientists can predict the futures of species of
concern, but they do not take into account interactions (Watling et al. 2013), notably those
with invasive species. SDMs incorporating the direct impact of climate and its indirect impact,
mediated by the changing distribution of the impact niche of invasive species have the potential
to substantially add to the accuracy of risk assessments for taxa of conservation concern. Here
we implement a novel modelling framework which allows us to model the impact of invasive
species by predicting its density and relating this to the density of a native species using large
existing occurrence datasets, supported by field data collection. Our study highlights the
importance of including species interactions in ecological forecasts, particularly in alpine
systems where species are strongly affected by the upward expansion of lowland or exotic
species. Modelling studies that investigate risk associated with the competitive impact of
invasive species require predictions of their impact niche rather than their occurrence niche.
Predictions of density are a promising avenue towards predicting impact niche (Van
Couwenberghe et al. 2013). Predictions of invasive species densities and their impact provides

useful information to conservation managers.

86



5 Inter-island discrepancies in plant invasive success are associated
with human disturbance but not environmental filtering

Calluna vulgaris in the Rangipo desert in pollinated by Apis mellifera.

Giejsztowt, 2018
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Introduction

Why species invade successfully in some areas and not others is a central question in ecology
(Theoharides and Dukes 2007, Nuiez et al. 2009, Mainali et al. 2015). The ability to accurately
predict species’ invasions is increasingly important as rates of species arrival and spread are
accelerating globally (Auffret et al. 2014, Horvitz et al. 2017). When species arrive to a new
ecosystem their success may be limited by biotic or abiotic filters (Theoharides and Dukes
2007). However, a lack of stochastic events may also limit invasive spread where conditions are
otherwise favourable (Simberloff 2009). Including all relevant factors that determine invasive
spread success enables better predictions of both the identity of introduced species which are
likely to become problematic and the locations to which invasive species may spread (Morisette
et al. 2006, Peknicova and Berchova-Bimova 2016). Accurate spatial predictions of invasive
spread inform management by identifying priority species (Sheppard et al. 2016) as well as

guiding containment boundaries and control strategies (Morisette et al. 2006).

Large scale limitations of species distributions are often attributed to climate (Wisz et al.
2013). However, the rate of spread of an invasive plant species may also vary by taxon (Gallardo
et al. 2015) or by non-climatic characteristics of the recipient environment (Timmins and
Williams 1991). Factors such as soil-type or species interactions vary in space and can influence
invasive species distributions (Buckley et al. 2010, Ibafez et al. 2014, Mainali et al. 2015). For
example, invasion by Pineaceae in Argentina are hindered by a lack of mycorrhizal mutualists
(Nufez et al. 2009). Further, Rouget and Richardson (2003) found that canopy cover of three
invasive tree species in South Africa was better predicted by propagule pressure than any
environmental factor considered. Critically, human activities intentionally or inadvertently
increase invasive propagule pressure (Simberloff 2009). Human activities additionally disturb
landscapes, thereby providing favourable conditions for opportunistic species (Timmins and
Williams 1991). In fact, invasive species are more common in human disturbed environments
and factors such as proximity to roads are often more important predictors of the presence of
invasive plant species than climatic variables or vegetative cover (Joly et al. 2011, Meunier and
Lavoie 2012, Akasaka et al. 2015, Peknicova and Berchova-Bimova 2016). Despite significant
potential for anthropic facilitation of exotic species, this effect is not routinely included in
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species invasion risk assessments (Gallardo et al. 2015, Chapman et al. 2016, Horvitz et al.

2017).

A contrasting pattern of Calluna vulgaris (L.) Hull (Ericaceae) invasion on the North and
South Islands of New Zealand provides a unique opportunity to explore how a variety of
characteristics of a recipient environment contribute to invasive plant species expansions. C.
vulgaris has been present on both islands for over 100 years (Chapman and Bannister 1990,
1994, Keesing 1995), but shows remarkably different invasion success. On the South Island, it
persists only in small and isolated populations but is widespread and continues to expand its
distribution on the North Island (Chapman and Bannister 1994). C. vulgaris control differs
between islands with manual herbicide application used on the South Island, particularly at
Wilderness Scientific Reserve (Alistair Hay, pers. comm., 2016), and a biocontrol agent, the
heather beetle (Lochmaea suturalis), used on the North Island. While both management
approaches reduce C. vulgaris biomass locally, there has been no success in eradicating the
species on either island (Syrett et al. 2000, Evans 2019). In areas where C. vulgaris is abundant,
it leads to the decline of endemic plant species and alters insect assemblages (Chapman and

Bannister 1990, Keesing 1995, Rogers and Leathwick 1996).

One substantial difference between the two islands of New Zealand that may explain
inter-island discrepancies in the invasive success of C. vulgaris is the extent and intensity of
anthropic pressures. The North Island accounts for 77% of New Zealand’s human population
(Statistics New Zealand 2017) and 77.1% of its GDP (MacPherson 2017). These patterns are
reflected in land use trends across the two islands. In 2012, the percentage of land occupied by
settlements was 2.9 times higher on the North Island than the South Island (Newsome et al.
2012). Similarly, high intensity land use is more prevalent on the North Island. For example, the
North Island has almost twice as much highly productive grassland as the South Island (30% and
17% of total land area respectively) and three times as much forestry (12.9% and 4.2%
respectively; Newsome et al. 2012). Conversely, the South Island has more protected areas:
nine national parks are on the South Island, while only three are on the North Island (Molloy

2015).
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C. vulgaris has several traits that should enable it to take advantage of climatically and
edaphically suitable areas throughout the country and quickly expand its range. Firstly, C.
vulgaris can achieve very high fecundities (10° seeds m2yr!; Miller and Cummins 2001) and its
small seed size (Soons and Bullock 2008), together with multiple dispersal pathways (Kleyer et
al. 2008), may facilitate rapid spread. For example, of 1334 species recorded as spreading in
response to climate change in the Italian Alps, C. vulgaris was in the top 1.6 %, achieving rates
of spread of 75 m yr! (Dainese et al. 2017). Secondly, C. vulgaris is a generalist with regard to
its mutualistic interactions. It forms facultative ericoid mycorrhizas with generalist fungal
partners (Bannister and Norton 1974, Johansson 2001). Ericoid mycorrhizal fungal partners are
broadly similar worldwide and experimental work indicates that Australian species are
compatible with North Hemisphere Ericaceae (Orlovich and Cairney 2004). Furthermore, C.
vulgaris is both wind and insect pollinated and is a generalist in its pollinator interactions
(Descamps et al. 2015); the pollinating fauna in New Zealand is dominated by generalists
(Primack 1983). Finally, although C. vulgaris prefers acidic soils, its edaphic requirements are

broad relative to many plant species (Walker et al. 2007, Fihner and Runge 2009).

Here, we explored if the discrepancy in C. vulgaris invasion success between the North
and South Islands of New Zealand can be explained by environmental filtering, or whether it is
attributable to differences in anthropic pressure. We used ensemble Species Distribution
Models (SDM) to predict the potential distribution of C. vulgaris based on the species’
occurrence in its native and invasive ranges (see: Jimenez-Valverde et al. 2011) . We mapped
other environmental factors that we speculated would be important for limiting the species.
Finally, we quantify human disturbance of the landscape across New Zealand. Firstly, we test
the hypothesis (Hypi) that neither environmental suitability (climate, soil pH), nor a lack of
suitable vegetative communities and mycorrhizal mutualists, limits C. vulgaris at large scales on
the South Island. We then test the hypothesis (Hyp2) that C. vulgaris populations are
significantly associated with a comparable intensity of human disturbance on the two islands

despite the islands differing significantly in human impact conditions.
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Methods

Climate envelope modelling

To test Hyps, that climatic conditions do not determine the variable success of C.
vulgaris on the North and South Islands of New Zealand, we built an ensemble SDM. All
modelling was done in R version 3.3.1 (R Development Core Team 2016). Bioclimatic variables
were downloaded as raster layers at a 2.5 arc-minute resolution (BIOCLIM; retrieved from
worldclim.org/bioclim in 2017). These variables are derived from monthly temperature and
rainfall values and represent annual trends, seasonality, and environmental extremes. Climatic
conditions are based on interpolations of observed climatic data from 1960-1990 (Hijmans et al.
2005). We extracted occurrences (n = 339,181) for Calluna vulgaris (L.) Hull from the Global
Biodiversity Information Facility (GBIF; gbif.org), an open database of species’ occurrence data
collected from a wide variety of sources. Additional occurrences (n = 3435) were provided by
Botanical Society of Britain and Ireland (BSBI; bsbi.org). A strong sampling bias was evident
across the native range of C. vulgaris whereby Western Europe had significantly more
occurrence records than Eastern Europe and the margin of densely surveyed areas was clearly
delineated by political borders. Sampling bias in geographical space can translate to predictive
error if it represents bias in environmental space (Bystriakova et al. 2012). Consequently, the
political borders of Denmark, Norway, Sweden, Iceland, Germany, France, Belgium, the
Netherlands, Andorra, Spain and Portugal were used to geographically limit the calibration of
the model in its native range. Additionally, occurrences in the invasive range in New Zealand
were used to calibrate the model (see: Broennimann and Guisan 2008) . We removed duplicate
records and records that were clearly geographically erroneous. We limited the dataset to one
occurrence record per 2.5 arcminute grid cell to partially correct for remaining observer
bias (Dormann et al. 2012). The number of presences in the final model was 44,412. Pseudo-
absences were drawn exclusively from the native range of C. vulgaris in Western Europe as the
species is unlikely to have reached climatic equilibrium in New Zealand. We selected
environmentally stratified pseudo-absences, because the dataset included a large number of
presences, sampling bias remained evident within Western Europe and because environmental

stratification promotes sensitivity over specificity of models (Barbet-Massin et al. 2012).
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Sensitivity is favourable for invasive species’ distribution models as the precautionary principle
suggests that prioritization of the precise inclusion of all possible invasion prone habitats
(Jimenez-Valverde et al. 2011). Ten pseudo-absence replicates, each comprising of 4441
pseudo-absences (resulting in a presence: absence ratio of 10:1; see Barbet-Massin et al. 2012),
were created using the ‘SRE’ option in the data formatting function in the ‘biomod2’ package,
version 3.3.7 (Thuiller et al. 2009), with a quantile of 0.025, which corresponds to a 95%
confidence interval in normal distributions. We created another, geographically independent
testing dataset, as independent data are a powerful test of model performance (Broennimann
and Guisan 2008). The testing dataset (n = 502) spanned occurrences in Eastern Europe, Siberia,
Australia and North America. The testing dataset was corrected for observer bias and error as
described above for the training dataset and excluded points within 50 km of the geographic

boundary of the training dataset.

To identify important climatic predictors of C. vulgaris, we calibrated preliminary
climatic niche models using climatic variables (7 of 19) chosen a priori that are considered
ecologically significant for C. vulgaris (listed in Appendix 5). In order to include the largest
possible variability in model predictions, we applied Generalized Linear Model (GLM; McCullagh
and Nelder 1989) , Classification Tree Analysis (CTA; Breiman 2001), Artificial Neural Network
(ANN; Ripley 1996), Surface Range Envelope (BIOCLIM/SRE; Busby 1991) and Random Forest
(RF; Breiman 2001) algorithms. We calibrated these preliminary climatic suitability models
across five pseudoabsence datasets. Variable importance was calculated within the
‘BIOMOD_Modeling’ function for each modelling algorithm with three permutations of each

variable. We discarded climatic variables that had the lowest average importance.

We calibrated the final model using four climatic data layers: annual mean temperature,
maximum temperature of the warmest month, minimum temperature of the coldest month
and annual precipitation. The same selection of algorithms was calibrated 3 times on a random
80:20 split of the data using each of 10 presence-pseudoabsence datasets; this resulted in 150
individual models. A True Skill Statistic (TSS) and a Relative Operating Characteristic (ROC) value
were calculated for each model. Visual inspection of predictions in the native range indicated
no apparent geographical bias in model prediction error. Additionally, we assessed the
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sensitivity of models on the geographically independent testing data. Ensemble models, which
synthesize multiple initial conditions and algorithms, tend to yield lower error rates than any of
the individual forecasts of which they are composed and are considered more robust when
used to model novel climates and/or geographic regions (Aradjo and New 2007, Thuiller et al.
2009). We built an ensemble model from individual models that had a TSS greater than 0.8 and
predicted > 95% of occurrences in the testing dataset. Models which satisfied these validation
criteria and were combined by mean (n = 146). Climatic suitability from the model ensemble
was projected across New Zealand together with a coefficient of variation of individual model
predictions. A Multivariate Environmental Similarity Surface (MESS) was generated in R using
the ‘dismo’ package v 1.1.4 (Hijmans et al. 2017). MESS maps indicate, in a geographically
explicit manner, similarities between training range and projection range climates: where, and
to what extent, a model is extrapolating beyond its training dataset or predicting in conditions

which are poorly represented in the training dataset (Elith et al. 2010).

Non-climatic environmental filters

We further tested Hypi, that non-climatic filters - soil pH, suitable vegetative
communities or mycorrhizal symbiont presence - do not limit C. vulgaris invasion at large scales
in New Zealand. We downloaded the New Zealand Fundamental Soil Layer soil pH (Landcare
Research NZ Ltd) from the Land Resource Information Systems portal (LRIS; Iris.scinfo.org.nz,
accessed June 2017). The data are part of the New Zealand Land Resource Inventory (NZLRI),
which delineates physiographic polygons at a 1: 50,000 scale and interpolates soil pH values
based on 1500 soil cores distributed across the country. Soil pH requirements of C. vulgaris are
well defined - C. vulgaris prefers acidic soils (pH 3.4 - 6.5; Walker et al. 2007) but can occur on
slightly basic soils (< 7.1; Fihner and Runge 2009). In our model, soils with a pH 3.4 — 6.5 were
considered suitable for C. vulgaris, while pH 6.5 - 7.1 was deemed marginally suitable. We
mapped vegetative suitability using the Vegetative Map of New Zealand (Landcare Research NZ
Ltd) which we downloaded from the LRIS portal. This resource compiles a variety of vegetative
cover dataset and ascribes one of 47 vegetative classes to polygons with a geographic precision
of 250m. We considered 36 of the 47 cover classes as potential habitat for C. vulgaris (see

Appendix 5). Areas considered inappropriate included all forests with closed canopies and areas
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with permanent ice cover. Caution is warranted in interpretation of this data layer as the data
were collected in 1987. To map mycorrhizal symbiont presence, we mapped occurrences of
other plant species known to host ericoid mycorrhizal fungi which are morphologically similar
to those of C. vulgaris. Several New Zealand native plant species within the Ericaceae and
Epacridaceae families form such associations (McNabb 1961). All occurrence data for these
species in New Zealand were downloaded from GBIF (20 species, listed in Appendix 5; n =

18,254).

Human impact

Next, we tested Hypz that C. vulgaris populations are significantly associated with a
comparable intensity of human disturbance on the two islands despite the islands differing
significantly in human impact conditions. Gallardo et al. (2015) modelled the influence of a
variety of spatial variables on the distribution of 17 invasive terrestrial plants in Europe. The
Global Human Influence Index (HIl), distance to roads and population density were
determinative of the invasive spread of terrestrial plants (Gallardo et al. 2015). We used the
mean response curves of invasive terrestrial plants to three variables (HIl, Euclidean distance to
road and population density), as presented by Gallardo et al. (2015) to parameterise a “human
footprint” map. Spatially explicit HIl was downloaded at a 1km? resolution (retrieved from
sedac.ciesin.columbia.edu, July 2017). HIl is a measure of human disturbance, rating landscapes
from O (near pristine) to 64 (very degraded) based on human population pressure, urbanization
and other land use, and human access, via roads, navigable rivers and several other factors. In
New Zealand, Hll varies between 0 and 60. We extracted the values of Hll to a raster layer at a
2.5 arc-minute resolution. We created a raster layer with a 2.5 arc-minute resolution and
calculated the proximity of the raster cell centre to the closest road in ArcMap version 10.4.1
(ESRI 2011) based on the “NZ Road Centrelines” shapefile (1:50, 000; downloaded from
data.linz.govt.nz, July 2017). Proximity to roads was calculated by Euclidean distance.
Population density (residents/km?), based on 2013 census data, was extracted from the “New
Zealand population density by meshblock” shapefile (downloaded from koordinates.com, July
2017) to a 2.5 arc-minute resolution raster. Correlations between these layers were tested for

in R and were low (Pearson’s r> < |0.5|). The mean relationship of the 17 species to these three
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factors, as presented by Gallardo et al. (2015) was used to calibrate the “human footprint”
raster layer. The three suitability scores were weighted according to the average contribution
of each variable to invasive species occurrence as presented by Gallardo et al. (2015), and

summed to create a “human footprint” map.

We compared the intensity and geographic extent of human impact of the North and
South Islands by extracting the “human footprint” values for all raster cells and comparing the
distribution of raster cell values of the North and South Islands. “Human footprint” raster cell
values were non-normally distributed (Bartlett’s K= 665.75, df = 1, p < 0.001), with a bimodal
distribution on the South Island. We therefore used the “shuffle” function in the package
“permute” v. 0.9.4 (Simpson 2016), a non-parametric test (Matchett et al. 2015). In this test, we
compared the observed mean difference of human footprint raster cell values between the two
islands to a null distribution calculated from 5000 permutations. Next, we tested whether C.
vulgaris populations were associated with different mean “human footprint” values on the two
islands. To do this, we compared the observed mean difference between human footprint
values at C. vulgaris occurrences on the North and South Islands with a null distribution based

on 5000 permutations, also using the “shuffle” function.
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Results

Climate envelope modelling

All algorithms performed well according to TSS and ROC evaluations, with average
performance at 0.85 and 0.95, respectively. Performance of individual algorithms is shown in
Table 5.1. When tested on geographically independent occurrences outside of the model
training range, the average sensitivity (correct prediction of true presences) of the models was
96.68%. Four ANN models had < 95% sensitivity and were therefore excluded from the
ensemble model. The ensemble model had a TSS of 0.872. We predict high climatic suitability
for C. vulgaris across large areas of both islands (Figure 5.1A). On the North Island, high climatic
suitability was found on the lowlands of the Wellington, Manawatu-Wanganui, Gisborne,
Waikato and Hawkes Bay regions. Lower climatic suitability was predicted for Taranaki and
Northland, as well as montane areas across the rest of the island. On the South Island, regions
east of the Southern Alps were considered highly climatically suitable by all models; low
suitability was predicted on the West Coast as well as in small areas of Central Otago. Across
both Islands, areas where the ensemble model predicted low climatic suitability were
associated with high coefficients of variation between individual model predictions (Figure
5.1B). The MESS map suggests few areas where the model extrapolates outside of its training
range (indicated in red in Figure 5.1C): two locations on the West Coast of the South Island, and
portions of Mt Taranaki and Mt Ruapehu on the North Island. However, many areas of New
Zealand are subject to environmental conditions which are represented by limited data in the
training dataset (indicated in white in Figure 5.1C). These regions were associated with higher
coefficients of variation among models and predictions of lower likelihood of climatic suitability

for C. vulgaris by the ensemble model.
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Table 5.1: Performance of Calluna vulgaris climatic envelope models. Average and minimum
TSS and ROC evaluation statistics, for all models, grouped by modelling algorithm, together with
average and minimum sensitivity when tested on geographically independent data.

Algorithm

Artificial Neural
Network
Classification Tree
Analysis
Generalized Linear
Model

Random Forest
Surface Range
Envelope

Average Minimum Average Minimum Average

TSS
0.809

0.865

0.824

0.867
0.869

TSS
0.742

0.857

0.801

0.855
0.860

ROC
0.951

0.953

0.955

0.971
0.934

ROC
0.929

0.945

0.951

0.967
0.930

Sensitivity
93.96

99.61
99.06

98.22
92.57

Minimum
Sensitivity
1.59

99.60
99.00

97.01
92.43
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Figure 5.1: Ensemble climatic envelope model predictions
for Calluna vulgaris in New Zealand: A) predicted climatic
suitability; B) coefficient of variation across individual
model predictions; C) Multivariate Environmental
Similarity Surface (MESS) comparison of training range and
projection range climates methods. MESS map units are in
100ths of the range of each variable; green indicates
similarity, red indicates dissimilarity to training data.
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Non-climatic environmental filters

We found no evidence for limitation of C. vulgaris in New Zealand by non-climatic
environmental constraints. The majority of New Zealand has soil pH within an appropriate
range for C. vulgaris (Figure 5.2). Small areas within Otago and the Waikato are too alkaline (pH
>7.1). Habitats with marginal pH appear throughout New Zealand but are neither prevalent nor
continuous. Areas in high alpine zones and Stewart Island are missing data and therefore could
not be assessed for edaphic suitability. Large areas of New Zealand also host vegetative
communities at risk of invasion by C. vulgaris (Figure 5.3). Areas with vegetative communities
which are not suitable for C. vulgaris appear in patches throughout New Zealand but form
contiguous regions on the West Coast of the South Island, as well as Hawke’s Bay, the Waikato
and Manawatu-Wanganui on the North Island. Likewise, native plant species that host ericoid
mycorrhizal fungi which are known to form symbioses with C. vulgaris are distributed
throughout New Zealand (Figure 5.4), but occurrence records are more frequent in montane
regions throughout the country. Host plants are scarcer but not absent in Southland, Otago and
lowland Canterbury on the South Island, and lowland regions in Wellington, Hawke’s Bay,

Manawatu-Wanganui, Taranaki and Gisborne on the North Island.
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Figure 5.2: Soil pH suitability for Calluna vulgaris across New Zealand; soils considered highly
suitable (pH = 3.4 - 6.5) are indicated in green, marginal soils in yellow (pH = 6.5 - 7.1), and
unsuitable in red (pH > 7.1). Missing data are in white.
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Figure 5.3: Vegetative community suitability for Calluna vulgaris across New Zealand.
Vegetative communities deemed at risk of incursion by C. vulgaris across New Zealand are
indicated in green and those not considered at risk in white; community types considered at
risk of incursion are listed in Appendix 5.
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Figure 5.4: Mycorrhizal fungal partner presence for Calluna vulgaris across New Zealand.
Occurrences of native ericaceous plant species known to host ericoid mycorrhizal fungi are
shown in green, together with known occurrences of C. vulgaris (black).
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Human impact
Hyp2 was that C. vulgaris populations are significantly associated with human disturbance on

the two islands despite the islands differing significantly in human impact conditions. Our novel
metric, “human footprint”, varied from 0.001 (low human impact) to 0.161 (high human
impact) in New Zealand. A histogram of “human footprint” raster cell values for each island is
displayed in Figure 5.5A. Mean “human footprint” was higher on the North Island (mean
“human footprint” = 0.099) than the South Island (mean “human footprint” = 0.071), which
constituted a significantly larger mean difference than expected based on 5000 permutations (p
=0.02). Only 118 of 5000 permutations resulted in a smaller mean difference than the observed
value. While the islands have a similar number of raster cells with high “human footprint”
values, the South Island has a bimodal distribution as it includes large areas with very low levels
of “human footprint”. Conversely, mean difference of “human footprint” at C. vulgaris
occurrences was not significantly different between the islands (Figure 5.5B; p = 0.188). Mean
“human footprint” on the North Island at C. vulgaris occurrences was 0.103 and on the South
Island was 0.097. Most C. vulgaris occurrences on both islands were within raster cells with
medium to high levels of “human footprint” and very few instances recorded in cells with low
values (Figure 5.6). On the North Island the distribution was centred around the central
volcanic plateau (where the species was introduced); remaining populations are distributed in
high and medium “human footprint” conditions. In contrast, “human footprint” on the South
Island is more fragmented. Occurrences of C. vulgaris are scattered throughout the south and

west of the island but are all clustered around areas of relatively higher “human footprint”.
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Figure 5.5: ‘Human footprint’ values: A) across the North and South Islands of New Zealand; B)
at Calluna vulgaris occurrences on each island. North and South Islands of New Zealand are
displayed in red and blue, respectively. Histogram indicates the proportional frequency of
raster cells containing each value across New Zealand. Box and whisker plot indicates the range
of ‘human footprint’ values at C. vulgaris occurrences. Colour bar indicates approximate colour
mapping in Figure 5.6, and corresponds to referenced levels in the text: “low” (green),
“medium” (yellow) and “high” (red).
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» Calluna vulgaris populations

Human footprint

Figure 5.6: Human disturbance intensity across New Zealand. ‘Human footprint’ is a metric
comprised of three factors- distance to the nearest road, Human Impact Index and human
population density. High ‘human footprint’ (approximately > 0.095) is indicated in red and low

‘human footprint’ (approximately < 0.065) in green (i = 0.085 across New Zealand). Black points
indicate known occurrences of Calluna vulgaris.

105



Discussion

Invasive species become increasingly difficult to manage once they establish in their
novel range. Identifying habitats at risk of invasion is therefore a critical goal for invasion
modelling studies. Here, we modelled C. vulgaris - an invasive plant on the North Island of New
Zealand which is present, but not widely problematic, on the South Island - to understand the
role of environmental filters and human disturbance in invasive. We find support for both of
our hypotheses. We find that environmental suitability (climatic, soil, mycorrhizal, or plant
community) does not constrain the large-scale distribution of C. vulgaris on either the North or
South Islands of New Zealand (Hyp1). C. vulgaris occurrences are significantly correlated with
both the intensity and spatial patterns of human disturbance, suggesting a role for anthropic
facilitation in the spread of this species (Hypz). This suggests that C. vulgaris may become a
problematic invasive species on the South Island in the future as disturbance intensifies.
Increasing anthropogenic pressures on the South Island may promote movement of C. vulgaris
into more suitable localities or may interact with genetic processes to facilitate an escape of
populations from the lag phase of establishment in the future. Our study illustrates the utility of
SDM in identifying the mechanisms constraining or promoting the spread of invasive plant

species.

Geographic projections of environmental suitability provide preliminary, but reliable
hypotheses of sites at risk of invasion (Milbau et al. 2009, Jimenez-Valverde et al. 2011). Our
study contributes to understanding of the invasive potential of C. vulgaris in New Zealand by
illustrating that environmental filtering does not preclude its invasion across the country. While
Chapman and Bannister (1994) reported broadly similar climatic conditions at their study sites
in New Zealand to the native range of C. vulgaris, our climate envelope model illustrates the
extent to which New Zealand is climatically analogous to its native distribution. Our models
suggest that small portions of New Zealand are climatically unsuitable for C. vulgaris. However,
low climate suitability predictions are universally associated with a high coefficient of variation
in our predictions, which is driven by dissimilarity of the local climate to climates represented in
the training dataset (as indicated by the MESS map). Consequently, it is difficult to assess the
climatic suitability in these regions and precautionary principle suggests that vigilance regarding
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C. vulgaris spread remains wise in these regions. Similarly, soil chemical and biotic
characteristics are unlikely to limit the invasion of C. vulgaris in New Zealand at large spatial
scales on either island. Soil pH across New Zealand is predominantly within the ranges of 3 —
6.5, which is highly suitable for C. vulgaris (Walker et al. 2007, Fiihner and Runge 2009).
Likewise, we found a wide distribution of ericaceous plants capable of hosting mycorrhizal
symbionts throughout New Zealand and near South Island C. vulgaris populations. This suggests
a low likelihood that mycorrhizal symbiont absence is a mechanism limiting C. vulgaris spread at
large spatial scales. Further, our vegetative cover map indicated that plant communities
susceptible to invasion by C. vulgaris - such as native herbfields, tussock grasslands and bogs
(Chapman and Bannister 1990, Rogers and Leathwick 1996) - are common throughout New
Zealand, and therefore habitat-limitation is unlikely to be a mechanism limiting the spread of C.
vulgaris. Indeed, the local success of C. vulgaris populations on the South Island in areas such as
the Wilderness Scientific Reserve and Ben Callum peat bog, support the conclusion that the
environment is suitable. Despite a lack of large-scale limitation, these biotic and abiotic factors
may nevertheless contribute to a lag between the establishment and invasive expansion of C.
vulgaris. This is because invasion involves the arrival of propagules to a spatially heterogenous
habitat and local conditions at the site of arrival strongly predict establishment success by
determining the establishment, growth and the sexual reproductive output of individuals

(Schreiber and Lloyd-Smith 2009).

Local population growth precedes range expansion of invasive species (Theoharides and
Dukes 2007). Therefore, local heterogeneity of environmental filters may constrain or enhance
invasive spread because local conditions are critically linked with the demography of
populations, and therefore with their potential for exponential growth (Schreiber and Lloyd-
Smith 2009). For example, decreased vegetative and sexual performance of C. vulgaris is
associated with suboptimal soil nutrient or moisture regimes (Chapman and Bannister 1994,
Walker et al. 2007). Soil characteristics are notoriously variable at small spatial scales (Gurevitch
et al. 2011) and inadequate soil at small scales may contribute to patterns of invasion
(Schreiber and Lloyd-Smith 2009). Rogers and Leathwick (1996) related the invasive spread

rates of C. vulgaris in Tongariro National Park (North Island) to topographic position and
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hypothesised that invasive spread of isolated populations was limited by organic, waterlogged
or acidic soils. Similarly, a lack of mycorrhizal mutualists may decelerate exotic species spread
(Nufnez et al. 2009, Bunn et al. 2015) by depressing their reproduction or nutrition (Urcelay et
al. 2017). Mycorrhization is associated with higher aboveground biomass in C. vulgaris,
particularly in poor edaphic conditions (Bannister and Norton 1974). Therefore, although C.
vulgaris is not obligately mycorrhizal (Bannister and Norton 1974), mycorrhization could
contribute to fitness locally and therefore invasive spread patterns. Ericoid mycorrhizal fungi
are widely found in New Zealand soils beneath native communities (McNabb 1961, Orlovich
and Cairney 2004), however it is unclear how commonly these symbionts are found in soils in
agricultural landscapes. In some regions, particularly those with higher agricultural pressure,
occurrence records for ericoid mycorrhizal fungi hosting plants are sparse and it is possible that
a lack of mycorrhizal mutualists is a limiting factor at these smaller scales. Conversely, Orlovich
and Cairney (2004) proposed mycorrhizal facilitation as an explanation for the rapid spread of
C. vulgaris in Tongariro National Park. Finally, the characteristics of the plant communities into
which propagules arrive may influence the establishment success of invasive species (Sheppard
et al. 2018). For example, high density native communities may be more resistant to invasion.
Plant-plant competitive interactions most typically affect the distributions of species at local
scales (Powell et al. 2013). However, such small-scale limitations are unlikely to translate into
long-term exclusion of this species. Notably, none of these factors- soil pH, mycorrhizal
symbiont presence, or vegetative cover- appears to substantially differentiate the suitability of

the environmental conditions on the North and South Islands for C. vulgaris.

We found that the two largest islands of New Zealand differ saliently in human impact:
larger spatial extents of medium to high human impact are observed on the North Island than
on the South Island. Despite this significant difference in human impact, C. vulgaris populations
are disproportionately found in areas with a medium to high levels of human disturbance on
both islands, and we reveal evidence of non-random association of C. vulgaris occurrences with
spatial patterns human disturbance. This correlation suggests that human disturbance may
contribute to the diverging trajectories of C. vulgaris invasive spread on the two islands. These

findings align with previous work which found human disturbance facilitates the invasive spread
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of introduced plant species (Hulme 2009, Dainese et al. 2017, Horvitz et al. 2017). Notably, we
find that very high land use intensity is also not correlated with C. vulgaris occurrence,
indicating that not all human impact is beneficial to the invasion of this species. For example,
the conversion of pastoral land to diary may exclude C. vulgaris. Notwithstanding such specific
cases, human disturbance is known to contribute to escape from lag phase by increasing rates
of rare, highly stochastic, long distance dispersal events to more suitable habitat (Morisette et
al. 2006, Pielaat et al. 2006, Nathan 2008). For example, Horvitz et al. (2017) demonstrated that
for 17 invasive plant species in China, models incorporating exclusively natural dispersal
mechanisms profoundly underestimate the movement of exotic propagules. Other mechanisms
by which human disturbance may contribute to the spread of invasive plants is by perturbing
ecosystems and creating more suitable habitat for exotics such as C. vulgaris (Chapman and
Bannister 1994). We can also expect an interaction between these two processes: anthropic
augmentation of patch quality and the connectivity of patches may together facilitate exotic
species spread. Finally, human-mediated dispersal of propagules, may interact with genetic
processes. Dispersal to both new locations with highly suitable habitat, or between meta-
populations may be of particular importance in genetically depauperate and isolated
populations (Saltonstall 2002, Simberloff 2009, Bock et al. 2015). Strikingly different
introduction efforts were made with C. vulgaris on the North and South Islands. On the North
Island, multiple large-scale plantings were made using seed sourced from several European
source populations, whereas on the South Island the introduction effort has been substantially
smaller- for example, the Ben Callum Peat Bog population was established with “just a handful
of seeds” (Mark Heslip, pers. comm., 2016). However, the genetic structure of C. vulgaris
populations in New Zealand has not been studied. We therefore do not know whether the lag
phase observed in C. vulgaris on the South Island is related to genetic processes and we
recommend that further work is undertaken to clarify whether a genetic bottle-neck to invasive

spread exists on the South Island.

In this study, as in many others, the climatic envelope model is limited in its predictive
power because climatic conditions in the novel range differ from those represented in the

native range of the invasive species. Our model indicates that areas with lower climatic
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suitability for C. vulgaris occur in New Zealand. However, these areas are consistently
associated with higher coefficients of variation for the ensemble model as well as
environmental conditions that are poorly represented in the training dataset. Projections of
correlative models outside of the training range lack theoretical justification (Buckley et al.
2010). Conjectural projections are prone to diverging predictions and although the ensemble
modelling approach can help us to identify the central tendency, predictions should be treated
with caution (Aradjo and New 2007, Thuiller et al. 2009, Elith et al. 2010). This is particularly
true in the present case: C. vulgaris thrives throughout Tongariro National Park and exists in
small populations along the West Coast and in Taranaki National Park. These populations
directly challenge the low likelihood prediction (~40%) of appropriate climate provided by the
model for these regions. There are several possible explanations for poor model predictive
performance at populations which inhabit edge-of-training-range climates in this study. Firstly,
C. vulgaris is capable of surviving and reproducing in a wider range of conditions than those
which are represented in its native range. Secondly, the environmental predictors used
insufficiently capture the climatic variability of these locations. For example, the edge-of-
training-range conditions on the West Coast of the South Island are primarily driven by
precipitation patterns. However, it is unknown how differences in precipitation translate to
differences in soil moisture content (Chapman and Bannister 1994). Finally, C. vulgaris in New
Zealand could be occupying a novel niche. This could be the result of novel biological
interactions or enemy release (Araujo and Guisan 2006) or the result of rapid evolution in the
novel range (Simberloff 2009). Further studies comparing the ecology of this species in its
invasive and native ranges could corroborate one or more of these explanations, thereby aiding
in the interpretation of such model projections. Our results highlight the importance of
measuring the dissimilarity of climates in training and projection ranges of SDMs to correctly
interpret model findings. Furthermore, we highlight the contribution of ensemble modelling

approaches to elucidating uncertainty in predictions from SDM.

Here we explore the factors limiting the distribution of a plant species that varies in its
invasive success between two islands in an exotic range. We found support for our hypothesis

that C. vulgaris invasion is not limited by environmental suitability, indicating further risk of
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invasive spread of C. vulgaris throughout New Zealand. We advocate the use of the species’
biology to constrain non-climatic variables such as edaphic and vegetative requirements as well
as the consideration of human disturbance of areas of interest. Our study system illustrates
that the introduction of an exotic plant species to two islands, both of which have an
abundance of climatically, edaphically and vegetatively suitable habitat, but different degrees
of anthropogenic disturbance and introduction efforts, can yield strikingly divergent invasion
outcomes a century later. We conclude that whilst these environmental filters may have an
impact at local scales, these limitations may be overcome by rare, long-distance dispersal
events. This is an important finding in a context of increasingly frequent, human-mediated long-

distance dispersal events.
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6 Conclusions

Mount Ngauruhoe and the Rangipo desert at sunset.

Wim Coosemans, 2017
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Global change drivers, such a climate warming and species invasions, can directly and
interactively alter the structure of communities and the functioning of ecosystems. Further,
when drivers interact they can exacerbate or buffer the direct effects they each have on
ecosystems (Tylianakis et al. 2008, Schweiger et al. 2010, Yang and Rudolf 2010, Gonzalez-Varo
et al. 2013, Sparks and Menzel 2013, Fox et al. 2014). Having a better understanding of how the
direct and interactive effects of drivers of global change alter the distribution of species,
interactions among species, and the functioning of ecosystems will enable scientists to build
and test better predictive models. | experimentally and observationally explored how plant
invasion and climate warming interact to alter both the structure of communities and function
of ecosystems. | followed up these studies by modeling how species distributions will shift in
Tongariro National Park (TNP) and New Zealand, and the implications of such shifts for native

species.

Objectives

| had four overarching objectives that formed the four data chapters of my thesis:

1) To determine whether species-specific phenological shifts have the potential to alter
the reproductive capacity of native plants in landscapes invaded by Calluna vulgaris.
This formed Chapter 2. | hypothesised that:

a. flowering of the invasive species would be more phenologically plastic than
native species of the same growth form, and that this difference in plasticity
would lead to altered overlaps in the flowering periods of the invasive and some
native species, and

b. lower seed masses of the native would occur in landscapes dominated by
invasive flowers, particularly in rich floral landscapes.

2) To determine if the effect of C. vulgaris invasion intensity on patterns of native alpine
plant species richness is influenced by environmental stress and whether these
patterns are consistent across spatial scales. This formed Chapter 3. | hypothesised:

a. that the magnitude of both positive and negative effects of invasion on plant
richness at the 1m2scale would increase with invader biomass, with the
exception of positive interactions at very high invader biomass, and
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b.

that, in low stress environments, z — the slope of the Species Area Relationship —
would increase monotonically with invader canopy cover, whereas in high stress
environments the impact of invader canopy cover on z should be unimodal:
moderate canopy cover should be associated with

higher z, and contiguous canopy cover should be associated with a

lower z compared to uninvaded communities.

3) To develop a novel modelling framework that would account for density-dependant

competitive interactions of a native with an invader and implement this to determine

the combined risk of climate change and C. vulgaris invasion on the distribution of the

native plant species. This formed Chapter 4. | hypothesised that:

a.

under projected future climates in TNP, the geographic distribution of
Chionochloa rubra would decrease, while the distribution of C. vulgaris would
expand, and

high C. vulgaris densities would be associated with low C. rubra densities, and
environmental suitability would be predictive of the upper limit of C. vulgaris
density, and

a large proportion of the distribution of C. rubra would overlap with areas in
which | would predict high densities of C. vulgaris (its impact niche), under both

current and future climates.

4) To explore the possible mechanisms leading to a discrepancy in C. vulgaris invasion

success on the North and South Islands of New Zealand. This formed Chapter 5. |

hypothesised that:

a.

environmental suitability (climatic, soil pH or a lack of suitable vegetative
communities or mycorrhizal mutualists) would not limit C. vulgaris invasion at
large spatial scales on the South Island, and

C. vulgaris occurrences would be significantly associated with a comparable
intensity of human disturbance on the two islands despite a significant

difference in human impact conditions between the two islands, and further,
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that South Island C. vulgaris occurrences would be spatially clustered around

areas of high human disturbance.

Key findings

Overall, my thesis finds that two global change drivers — warming and non-native plant
invasion —work directly and interactively to impact native alpine communities in New Zealand.
My data and modeling work suggest that C. vulgaris is likely to expand its range, not only in
TNP, but across New Zealand in the future. C. vulgaris is particularly likely to adversely affect
community structure and ecosystem function in warmer climates. Globally, alpine ecosystems
are considered relatively unaffected by invasion (McDougall et al. 2011). However, | present
evidence that climate change will facilitate higher rates of species invasion into alpine
ecosystems, and that this process can be expedited by increasing human activity. This
facilitation may lead to increased invader biomass and canopy cover where species currently
occur and may have broad implications for the structure and function of alpine plant

communities.

Chapter 2

In Chapter 2, | predicted that the interaction between climate warming and C. vulgaris
invasion will reduce sexual reproduction of the native plant, Dracophyllum subulatum, in some
landscapes in TNP through a previously undescribed mechanism — intensified competition for
pollination because of increased flowering overlap resulting from species-specific phenological
responses to climate warming. | observed more phenological plasticity in the invasive plant
than the native plant species. The change in the invasive plants’ phenology led to a four-fold
increase (from 2.79% to 11.27%) in the number of D. subulatum flowers that flowered
simultaneously with high densities of C. vulgaris flowers. Secondly, | found that neither floral
density nor the proportion of native flowers in the landscape had significant direct effects on D.
subulatum seed weight; importantly, | found a significant interaction between these. Lower D.
subulatum seed weights were recorded in florally-saturated landscapes dominated by invasive
flowers, while higher D. subulatum seed weights were found in landscapes dominated by native

flowers.
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My results reveal a previously undescribed pathway through which climate warming and
plant invasion may interact synergistically, enhancing the negative outcomes for sexual
reproduction in native species. Invasive species are typically more phenotypically plastic than
native species and also produce many showy flowers that can lead to increased competition for
pollination (Chittka and Schurkens 2001, Brown et al. 2002, Gallinat et al. 2018). Consequently,
the pathway for synergistic effects of invasion and climate warming that | demonstrated may
also apply to other species and ecosystems. However, the outcome of this synergism on the
sexual reproduction of native species will depend on the direction of change in flowering
overlap between native and invasive species. While the effects of climate change on plant
competition for pollination has received some theoretical attention (e.g. Schweiger et al. 2010),
my results are the first to couple established effects in a novel experimental design to probe at
the potential consequences of such an interaction on the reproductive success of an endemic

plant species.

Chapter 3

The response of native communities at small spatial scales was most sensitive to
aboveground biomass of the invader, whereas canopy cover was most important for
predicting z. The sign of native:invasive species interactions at a small scale changed with
environmental stress. The magnitude of invader impact on small scale species richness was
monotonically determined by biomass of the invader in the case of both competitive and
facilitative interactions, with the exception of very high invader biomass in high stress
environments. The relationship between invader canopy cover and z was unimodal in both high
and low stress environments and changed sign with elevation. Our study suggests that the

impact of invasive species on SAR is highly sensitive to environmental stress.

I show that there is a switch in the sign of species interactions from competitive to
facilitative with increasing abiotic stress, a trend that is reported globally (Callaway et al. 2002,
He et al. 2013). Further, | show that the positive or negative impact of these species
interactions is dependent on invader biomass and canopy cover. Uniquely, | show how stress-

gradient related changes in species interactions modulate the impact of invasive species on
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SAR. The effects of competitive and facilitative interactions affect SAR differently, with
competition generally affecting species richness more locally (Powell et al. 2013, Case et al.
2016, Socolar et al. 2016) whereas facilitation may also be an important driver at larger spatial
scales (Callaway et al. 2002). Therefore, my novel finding that invasive species effects on z
change sign with environmental stress are in line with expectations but have not previously
been demonstrated. This finding has global implications for our understanding of how invasive
species affect native species diversity patterns across space because it demonstrates that the
sign of their effects on species richness may be contingent on climatic context. | record
significant shifts in invader biomass with environmental stress, which provides a possible
mechanism through which these changes occur; as species traits typically affect species

interactions (He et al. 2013, Levine 2016).

The results detailed in Chapter 3 builds on those presented in Chapter 2 by indicating an
additional mechanism through which C. vulgaris may impact native plant species at larger
spatial scales. Sharing animal pollinators is a mechanism through which sessile organisms may
interact indirectly with one another at a distance (Mitchell et al. 2009). Such indirect
interactions may have important effects for the persistence of native species by reducing their
sexual reproduction (Brown et al. 2002), particularly as pollination services to plants in alpine

ecosystems such as TNP are typically unreliable (Arroyo et al. 2013).

Chapter 4

| demonstrate that the inclusion of invasive species density data in distribution models
for a native plant leads to greater reductions in predicted native plant distribution under future
climate change scenarios relative to models based on climate suitability alone (Chapter 4). My
climatic envelope models predicted a range expansion for C. vulgaris by 2070 under all future
climate change scenarios. Simultaneously, | predicted a range contraction for C. rubra under
future climates. | found that increasing C. vulgaris density was associated with strong declines
in C. rubra - | recorded an eight-fold decrease in average C. rubra density above a critical C.
vulgaris density threshold. Under all climate scenarios, | forecast increases in the geographic

range wherein suitable climatic conditions for high densities of C. vulgaris will occur.
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Specifically, | found that up to 93% of the area where the climate is both suitable for C. rubra
and where C. rubra is currently unaffected by intense competition with C. vulgaris will be lost

by 2070.

Species extinctions attributed to global warming are often driven by synergisms with
invasion, and commonly occur through exacerbated competitive pressure (Brook et al. 2008).
Climate change is anticipated to affect plant distributions both directly and indirectly by altering
species interactions, although the latter is generally assumed to occur on smaller scales (Wisz et
al. 2013). Implementations of existing methodologies, such as Joint Species Distribution
Modelling (JSDM; Pollock et al. 2014) often find that species interactions poorly explain the
distribution of species (Copenhaver-Parry and Bell 2018). My novel statistical approach may be
better suited for the evaluation of risk to native species for two reasons: First, invasive species
typically have a disproportionate impact where they occur at high densities (Kulhanek et al.
2011, Bradley 2013) and second, the primary effect of invasive species’ competition may be to
reduce the density, rather than occurrence, of native species (Copenhaver-Parry and Bell 2018).
Both characteristics of my approach result in higher sensitivity of predictions, resulting in more
accurate representations of the risk of climate warming and invasive species for native species.
Relative to other modelling approaches, my approach is likely to forecast a smaller geographic

extent, but higher intensity of invasive plant impact on native species.

My findings here are informed by those presented in Chapter 3, which explicitly
addresses issues of scale. The interaction term | used in Chapter 4 to infer competition is
derived from density-dependence of C. rubra and C. vulgaris at a 1m? scale and therefore does
not investigate the effect of C. vulgaris on the range of C. rubra, focusing instead on quantifying
the C. rubra density loss within areas of distributional overlap. In Chapter 3 | detail how
interactions between C. vulgaris and the native plant community may propagate to larger
spatial scales. The results presented in Chapters 3 and 4, taken together, identify that plant
invasions may drive declines in native species canopy cover locally, as well as altering their
occurrence at multiple spatial scales, which together may exacerbate risk for native species.

Rarity in a landscape has important implications for population persistence (Sexton et al. 2009)
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particularly because it may lead to allee effects (Courchamp et al. 1999), while lower canopy
cover suggests smaller plants, which can be related to lower fitness. Together, such effects

mean increased risk of extinction for non-random species.

The findings of this chapter, in turn, inform Chapter 3. My climate envelope model
identified the climatic predictors that constrain both the range and canopy cover of C. vulgaris
in TNP. | predict that canopy cover of C. vulgaris will increase at higher elevation under an
altered climate. In Chapter 3, | found that native alpine plant species richness is facilitated by
moderate C. vulgaris canopy cover. Together, these results suggest a loss of species richness
may occur at high elevations. Further, these two chapters indicate that invasion intensity is an
important predictor of plant community response irrespective of response variable and support
previous assertions that modelling invasive species density explicitly is an imperative
development in future modelling studies (VanDerWal et al. 2009, Bradley 2013). This highlights
the relevance of the novel modelling methodology | developed in Chapter 4. It also indicates

the possibility of extending my approach to investigate other ecological patterns.

Chapters 3 and 4, taken together, also raise further questions. Species interactions will
change in response to climate; yet, changes in species interactions are generally poorly
incorporated into SDM (Wisz et al. 2013). In Chapter 3, | demonstrate that C. vulgaris has
inconsistent effects on native alpine plant community patterns depending on environmental
context. This result may be due to variance in C. vulgaris aboveground biomass along
environmental stress gradients. This implies that the effect of invasion on native species density
(as in Chapter 4) may be more accurately modelled by incorporating environmental variability
across the calibration range. The density-dependence relationship used in Chapter 4 was
calibrated using data which spanned a wide range of environmental conditions. Incorporating
these conditions explicitly is likely to reduce unexplained variance within the model. This should
result in predictions with a smaller extent, but a higher intensity, of invasive species impacts.
However, Chapter 3 does not delve into how environmental stress modulates the effect of C.
vulgaris on individual species. Therefore, this relationship between the two chapters is
speculative. However, the results of these two chapters together highlight the need for future

modelling work that incorporates changes in species interactions with environmental
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conditions. Further, my results in Chapter 3 suggest that changing species interactions could be

driven by models of plant traits.

Chapter 5

| find no evidence for large-scale climatic, edaphic, and vegetative limitations to invasion
by C. vulgaris on either the North and South Islands of New Zealand. C. vulgaris is significantly
associated with medium to high levels of human disturbance on both islands despite
differences in the presence of human disturbance between the two islands, suggesting that
discrepancies in invasive spread between islands may be driven by human activity. | found high
climatic suitability for C. vulgaris across large areas of both islands. The majority of New Zealand
had soil pH within an appropriate range for C. vulgaris and large areas of both islands hosted
vegetative communities at risk of invasion by C. vulgaris. Likewise, native plant species that
host ericoid mycorrhizal fungi that form symbioses with C. vulgaris were distributed throughout
New Zealand. We therefore conclude that C. vulgaris is not excluded at large scales by
environmental filters. In contrast, mean human impact was significantly higher on the North
Island than on the South Island. Despite this discrepancy, | found no significant difference
between islands in the mean human impact at C. vulgaris occurrences. This suggests that the
species occurs disproportionately in similar human disturbance conditions across the two
islands. Further, occurrences of C. vulgaris on the South Island were non-randomly distributed
and were clustered around areas of high human impact. My results suggest that the
environmental conditions suitable for C. vulgaris invasion are widespread on both islands and
further, that human disturbance is likely a major vector by which C. vulgaris expands its

distribution in New Zealand.

Where environmental conditions are not limiting at large spatial scales, as | record for C.
vulgaris throughout both islands of New Zealand, invasion biologists predict that currently
naturalised species may become problematic invasive species (Jimenez-Valverde et al. 2011),
particularly as human population growth and land-use intensification continues. Identifying
mechanisms facilitating the expansion of introduced species such as C. vulgaris is therefore of

critical importance. My findings are useful for conservation managers in New Zealand, as
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invasive species are typically significantly more expensive and difficult to remove once
established. My finding, that diverging trajectories of C. vulgaris invasion on these two islands
of New Zealand are associated with human impact, is in line with recent work that highlights
the importance of human activities in dispersing invasive species and facilitating their
establishment (Gallardo et al. 2015, Horvitz et al. 2017). Human activities such as road
development are rarely incorporated into invasive species distribution models. My works adds
to this discourse, by providing evidence that the development of invasive species’ distributions
may hinge on human activities within a paired island experiment. Internationally, researchers
should carefully consider and incorporate a range of human activities in their modelling to

achieve better and more accurate modelling outcomes.

Alpine ecosystems globally are threatened by species invasions that are facilitated by
climate warming (Alexander et al. 2016, Dainese et al. 2017). Notably, New Zealand is likely to
face increased plant invasions under future climates from a pool of introduced species that
have already established in the country (Sheppard et al. 2016). Thus, the potential future
distribution of C. vulgaris detailed in Chapter 5 is supported by my findings in Chapter 4 (i.e.,
that significant potential mobility of both C. vulgaris occurrence and impact niches into high
alpine areas in New Zealand may be expected under future climate scenarios). The South Island
has a more extensive alpine zone than the North Island (Halloy and Mark 2003), therefore
invasion by C. vulgaris may have a larger spatial extent of impact on South Island native plant
communities under climate change. Alpine plant communities are of significant conservation
importance in New Zealand (Clarke et al. 2018) and species are likely to be put at extinction risk
by the direct impact of climate change as well as through the expansion of invasive species
(Halloy and Mark 2003) such as C. vulgaris. The findings of Chapters 2-4 demonstrate the
potential of high-density C. vulgaris to constitute a significant ecological risk, by affecting both
the structure and function of alpine ecosystems. Taken together these results imply that, in
New Zealand, preventative management of C. vulgaris is appropriate, particularly where the

species has not yet naturalized.
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Summary statement

My research shows that to make clear predictions of how global change will impact
communities and ecosystems in the future, experiments and models need to include
interactions among drivers such as warming and species invasion. While many studies highlight
the impact of global change drivers on community structure and ecosystem function as well as
the fate of individual species in isolation, a growing number of studies, including the ones |
present in this thesis, highlight that interactions among drivers may not be additive or linear.
Given most landscapes are concurrently affected by multiple drivers of global change, their
interactions should be investigated explicitly to produce real predictions of future ecosystem

structure and function.
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Strengths and limitations

One of the strengths of my research is the use of multiple approaches — observations,
experiments and models — to explore how global change will interactively alter alpine
ecosystems in New Zealand. For example, in Chapter 2, | combined a local-scale manipulative
warming experiment on plant phenology with a landscape-scale experiment on pollination
limitation to infer the impacts of species-specific shifts in flowering phenology in response to
warming on the sexual reproduction of a native species in invaded landscapes. In Chapter 3, |
used established survey methodology to investigate invasive plant impacts on SAR, but | placed
the plots along elevational gradients, taking advantage of their utility as models of changing
abiotic conditions to gain insight to how the impacts of invasion may vary over gradients of
environmental stress. In Chapter 4, | used a hierarchical SDM, but derived more informative
predictions by pairing large occurrence datasets from public repositories with my own field-
collected density data within a novel modelling framework. Finally, in Chapter 5, | used
established modelling practices for predicting invasion risk but paired this with inter-island
comparisons to infer the drivers of C. vulgaris spread by eliminating other mechanisms. My
research, therefore, exhibits the power of novel combinations of existing approaches to
generate new knowledge. While each individual approach may have limitations, using them in
combination enables me to play to their strengths in testing and projecting both patterns and

mechanisms — thus mitigating the limitations of any one approach.

Chapter 2

One major limitation of Chapter 2 is that | infer negative consequences of climate
warming and plant invasion for the sexual reproduction of a native plant - mediated by
interactions with pollinating animals - without examining the response of the insect community
to these same drivers of global change. Responses of the insect community to these drivers
may modulate the strength of the effect | record here. For example, the phenology of animal
pollinators is strongly affected by climate and may affect pollination services (Hegland et al.
2009). Alternatively, animal pollinator populations could be bolstered by novel food sources, as
may occur with the introduction of exotic plant species, resulting in overall benefits for the

sexual reproduction of native plants (Schweiger et al. 2012, Miller et al. 2018).
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Additional limitations are introduced through the use of Open Top Chambers (OTC) to
simulate future climate conditions. OTCs are an established methodology in climate change
research (Wolkovich et al. 2012, Arroyo et al. 2013). However, OTCs (like all experimental
manipulations) are associated with a number of experimental artefacts (Flanagan et al. 2013)
such as mechanical disturbance where they are moved by strong winds. Further, OTCs do not
encapsulate the full effects of climatic change, as they do not simulate predicted water balance
conditions that can drive changes in alpine communities (Engler et al. 2011). Notably, flowering
phenology responds to a suite of environmental cues including both temperature and soil
moisture (Godoy et al. 2009, Burkle et al. 2013). Finally, because they are relatively small in size
the effect of warming experiments utilizing OTCs may underestimate ecosystem responses to
climatic warming (Wolkovich et al. 2012). For these reasons, my results are likely to reflect real

responses to future climatic changes but may underestimate flowering phenology responses.

Chapter 2 is further limited by my assumption that seed weight was related to the
overall fitness of D. subulatum populations. Seed weight in this experiment was unequivocally
linked to pollination success, as demonstrated by a significant difference in seed weight
between pollinator exclusion and hand pollination treatments. Outcrossing might be critical for
the conservation of genetic diversity in populations (Molloy 2019). However, apomixis (the
asexual reproduction of seeds) is common in the woody shrub flora of New Zealand and has
inconsistent effects on plant population success (Molloy 2019). Therefore, it is unclear to what

extent a lack of outcrossing would result in reduced population persistence in D. subulatum.

Finally, in Chapter 2 | investigated one mechanistic pathway through which climate
change may augment the effects of C. vulgaris invasion on the sexual reproduction of D.
subulatum. However, | did not investigate the direct impacts of climate change or invasion on
the sexual reproduction of D. subulatum and therefore cannot forecast the risk of global change
to the sexual reproduction in this species. For example, climate change may alter the total
number of flowers produced by D. subulatum over the course of a season. Additionally,
vegetative competition with C. vulgaris may affect flower number. | identify these possible
mechanisms because both climate change and invasive species alter resource availability that in
turn is known to affect allocation to reproduction and the phenology of alpine species (Zhang et
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al. 2014). In this chapter | consider two treatments, ambient and manipulatively warmed
climate. However, this study was conducted in a pre-existing, fully factorial experiment with C.
vulgaris removal as an additional manipulation. Preliminary results indicate that the total
flower number over the course of a season decreases with both experimental warming and
with the removal of C. vulgaris, with the largest decreases recorded with both manipulations
(that is, both experimental warming and C. vulgaris removal). A more thorough investigation of
these facets of the dataset may provide further insights into the relative roles of climate
change, plant-plant interactions and their synergistic effects on the sexual reproduction of

native species.

Chapter 3

A substantial limitation of Chapter 3 is that | did not account for the relative roles of
environmental gradients and null processes on the elevational patterns in species richness
reported. | report a unimodal relationship of species richness with elevation, a common pattern
in many alpine ecosystems (Sanders and Rahbek 2012, Wang et al. 2018), but | did not
investigate the mechanisms behind the relationship. This relationship could be an ecological
response to environmental factors (Wang et al. 2018). Alternatively, it could reflect null
processes such as the geometry of species’ ranges in bounded systems (Mid Domain Effect;
(Colwell et al. 2004), available area (Vetaas and Grytnes 2002, Xu et al. 2017, Bhatta et al. 2018,
Hillebrand et al. 2018) or Rapoport’s rule (Zhang et al. 2018) which are all known to structure
local richness and the SAR in some ecosystems. Studies in several ecosystems found
contradicting patterns in the relative importance of abiotic conditions and null processes
(Zhang et al. 2018). Therefore, | cannot make explicit predictions regarding the direct effect of
climate change on species richness patterns within the park, nor compare the relative effects of
climate and plant invasion on spatial richness patterns. The relative contribution of individual
species responses to abiotic conditions and null processes in TNP could be derived without
further data collection. My dataset considers not only elevational trends in SAR, which in itself
is an understudied pattern (Qiao et al. 2012, Bhatta et al. 2018), but also plant-plant
interactions with an invasive species and therefore has considerable potential to add to

discourse if null effects were incorporated.
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A general limitation of Chapters 3 and 4 is the use of correlative rather than
experimental data to infer process. | describe observations of vegetational patterns along
elevational and C. vulgaris density gradients but cannot prove that these gradients are the
cause of plant richness patterns. It is well established that high densities of one plant species
may result in the competitive exclusion of other species. However, co-occurrence patterns may
also emerge from niche differences or environmental heterogeneity (Bar-Massada 2015).
Biomass compensation experiments unambiguously resolve competitive effects (McLaren and
Turkington 2011). In the austral summer of 2016/2017 | established 14 Whittaker plots
throughout TNP, and systematically removed aboveground C. vulgaris biomass across five of
ten 1m? plots and one of four 5m? plots (a total of 9m?at each location), and recorded canopy
cover of all vascular plant species. However, when removal and control plots were re-surveyed
in 2018, responses to the removal treatment were not statistically significant. This is likely
because growth rates in TNP, as in many alpine ecosystems, are slow (Kérner 2013) and species
removal experiments often record a significant lag in biomass compensation response (McLaren
and Turkington 2011). Therefore, | anticipate that the maintenance of these removal

treatments until the ecosystem has sufficient time to respond is a worthy avenue of research.

Chapter 4

Several limitations arise in Chapter 4 that are common to all SDM. For example,
correlative species distribution models assume the species are in dynamic equilibrium with
their climatic environment (Nogués-Bravo 2009, Dormann et al. 2012), which is unlikely where
the modelling subject is an invasive species, as here. The assumption of correlative models that
species can perfectly track the changing geography of their climate space is particularly
problematic if species have poor dispersal rates (Aradjo and Townsend Peterson 2012,
Alexander et al. 2018). | forecast risk to native species by modelling the changing distributional
overlap between invasive and native species with the explicit assumption of dynamic
equilibrium. Notably, C. vulgaris can expand its range quickly in response to climate change
(Dainese et al. 2017), whereas the dispersal speed of many native alpine plant species in New
Zealand is unknown (Clarke et al. 2018) and is likely to be slow for some alpine species

(McGlone et al. 2001). Lag effects may mean that risk to native species is underrepresented in
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my models during transitive phases if natives cannot track climates well at the leading edge of
their range. Consequently, although | predict dramatic increases in risk to native plant species
from the synergistic impacts of climate change and C. vulgaris invasion, | nevertheless consider
my estimates to be conservative. Many reviews consider the limitations of the SDM framework
(for examples see Guisan and Thuiller 2005, Thuiller et al. 2008). In addition, predictions of
species’ distributions under future climate change rely on projected climate data, calculated
from Global Circulation Models (GCM), which are associated with considerable uncertainty
(Beaumont et al. 2008). Projections are particularly poor for alpine regions in New Zealand
(Christian Wild, pers. comm., 2018). In this chapter, | minimized error by selecting GCMs that
validate well on current climatic data in the region and by averaging predictions from GCMs, as
proposed by Beaumont et al. (2008). This approach has some disadvantages. Averages do not
minimise errors that are generally pervasive across GCMs (Beaumont et al. 2008). Additionally,
averaging predictions results in the loss of climatic extremes that may be disproportionately
important for the delineation of species’ ranges (Beaumont et al. 2008, Seddon et al. 2016).
However, my predictions nevertheless provide valuable information regarding the relative

magnitude of species’ responses to climatic changes.

Interactions among species in outlined in Chapter 4 were determined by analyzing
densities of co-occurring species using Boosted Regression Trees (BRT). While BRT identified
thresholds within the data that were supported by Wilcoxon-signed rank tests, BRT explained
very little variance within the dataset. This lack of explained deviance was likely caused by
inappropriate model selection. The relationship between invasive plant species density and that
of native species may be described as a triangular constraint envelope, where native species
density is universally constrained at high invader densities but highly variable at low invader
densities. Namely, the relationship is zero-inflated (Lambert 1992). With such a zero-inflated
dataset, the inability of BRT - which is based on least sum of squares deviations (Elith et al.
2008) - to describe the bulk of the variation is expected (Martin et al. 2005) as such techniques
assume that both presence-absence and abundance components of the relationship come from
the same distribution (Zuur et al. 2007). A more appropriate test may be the use of zero-

inflated (ZI) models (Martin et al. 2005). ZI methods allow the modelling of different
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relationships for different portions of the range of the response variable (Lambert 1992). First
zero counts are modelled in the response variable with a binomial family relationship. Secondly,
all positive data (> 0) and some zero data are regressed against the predictor variables to
determine the driving predictor of species abundance (Bellvé 2018). | envision exploring the use
of zero-inflated models for this density-dependence dataset before this body of work goes to

publication in an academic journal.

Chapter 5

My interpretation of ecological processes in Chapter 5 is limited by the number of
species (1) and islands (2). This may be problematic in deducing mechanism because stochastic
events are disproportionately important for the spread of exotic species in novel ranges (Pielaat
et al. 2006). Further, the impact of human activities in Chapter 5 was inferred from one
integrated statistic derived from the average responses of 17 species that are invasive in
Europe, where environmental conditions and human activities are substantially different from
those in New Zealand in many ways. Invasive species spread is correlated with human activity in
many regions globally (for example, Horvitz et al. (2017) in China; Gallardo et al. (2015) in
Europe) yet it is unclear to what extent such findings may be generalized to New Zealand.
Furthermore, different factors are likely to be important at each stage of the invasion process
(Theoharides and Dukes 2007), and species that are at early stages of invasion were not
considered in that study. C. vulgaris is established on the North Island but to a smaller extent
on the South Island, suggesting that human activities on the two islands may affect invasion
differently. Further, the use of an integrated statistic elucidates patterns of invasive spread but
precludes a mechanistic identification of the human activities that disproportionately facilitate
the establishment and spread of this species. It is likely that several human activities facilitate C.

vulgaris invasion.

A further limitation of this chapter is that the population genetic structure of C. vulgaris
populations in New Zealand is unknown. Many studies indicate a link between the introduction
of new genotypes and increased invasiveness of pre-existing introduced species (Saltonstall
2002, Simberloff 2009, Lucardi et al. 2014, Bock et al. 2015). Novel genotype recombinations in

invaded habitats could aid the invasion process and may have occurred in TNP. Indeed, genetic
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diversity has an impact on the fecundity of C. vulgaris in Scotland (Miller and Cummins 2001).
Consequently, genetic variability may be an explanation, or partial explanation, for the
discrepancy in invasive success of C. vulgaris in New Zealand. If true, demographically stable
South Island populations of C. vulgaris could escape from the lag phase through genetic
processes; this scenario is increasingly likely as anthropic dispersal pathways increase propagule
pressure. This would imply that management policies that limit propagule movement between
populations should be favoured. To this end, in 2016, | collected plant tissue from up to 15
individuals at each of 9 South Island populations as well as from throughout TNP and Egmont
National Park on the North Island (n = 122). While inbreeding depression is unlikely to be the
cause of most introduction failures, this dataset would allow estimates of inbreeding and pollen
flow, thereby clarifying the role of genetic processes in the occurrence patterns and invasive

success of this species.

Future directions

The research detailed in this thesis was motivated by a desire to contribute to the
management of natural places and thereby the conservation of unique landscapes and
biodiversity in a changing world. To achieve these management outcomes, future work should
focus on integrating multiple interacting drivers of change. Interactions among drivers of
change are not limited to those between plant invasion and climate change. For example, in
TNP, fire disturbance history has significant impacts on biodiversity patterns and is known to
facilitate C. vulgaris invasion (Chapman and Bannister 1990, Rogers and Leathwick 1996, Perry
et al. 2014) but was not considered within the scope of this thesis. In a similar fashion,
atmospheric nitrogen deposition, increasing carbon dioxide concentrations, fragmentation of
landscapes, land management practices and many other drivers may interactively impact
ecosystem structure and function. The drivers of global change most pertinent to the
conservation of landscapes vary globally and among ecosystems. For example, climate change
is likely to affect alpine ecosystems globally but may have larger impacts on invasive species
spread in the European Alps, where road development is considerable (Dainese et al. 2017).

While substantial theoretical work suggests mechanisms whereby drivers of change could
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interact, fewer studies show ecosystem responses empirically, or attempt to model them. This

remains a critical avenue for future research.

Interactions among global change drivers can be explored through factorial
experiments, vegetative analyses coupled with multivariate analyses, or integration of multiple
processes within modelling studies. Such studies are imperative in assessing, for example, how
species interactions change under altered climates — these changes are insufficiently
understood and are best resolved by factorial experiments and modelling. Work at the
interface of subdisciplines provides opportunities to synthesise the outcomes from multiple
lines of evidence and to overcome the limitations of individual approaches. For example,
interactive effects among drivers are often omitted from empirical studies because they
typically operate on different spatial scales. In Chapter 2, | used a mixture of landscape surveys
and experimental patterns to identify novel mechanisms of ecosystem change. This synthesis
was indispensable: landscape scale patterns in pollinator behaviour could not have been
replicated at the scales at which temperature manipulations can be carried out. The
incorporation of surveys with experimental work is particularly important, as ecosystems may

respond to global change differently at different scales.

Another leading avenue for the integration of multiple drivers of change as well as
multiple spatial scales are SDMs. These models are likely to become an increasingly critical
component of global change studies. Importantly, SDMs provide ecologists with the ability to
forecast ecosystem responses - a necessary precursor to effective conservation management.
The predictive capacity of SDM is expanding, driven by increasing data availability and an the
infiltration of machine learning from computer science into ecological applications (Elith et al.
2008). However, in the face of this technical development, it is critical that future work focusses
on incorporating more biological mechanisms to increase the accuracy of predictions. For
example, in Chapter 4 | integrated the effect of climate on both a native and a competitive
invasive species. This resulted in a much more negative forecast for the future distribution of
the native species. Future work needs to incorporate the responses of multiple facets of

ecosystems to global change to provide real estimates of risk for native ecosystems and species.
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To increase their ecological realism, SDMs should make more use of biologically relevant
response variables, such as species density rather than species occurrence. Progress in the
incorporation of density in SDM is hampered by a scarcity of appropriate data (Nielsen et al.
2005, Kulhanek et al. 2011). Data limitations may be overcome by finding generalities in species
and ecosystem responses. For example, | used the relationship between environmental
suitability derived from occurrence driven models to predict the abundance of a species thus
maximizing the utility of a much larger occurrence dataset (Chapter 4). However, it remains
unclear under what circumstances this relationship is predictive. The inclusion of species traits,
such as growth form may be more biologically relevant than simple species-level occurrence
data (Dallas et al. 2017). Further, the inclusion of other physical variables, such as soil type,
could constrain species occurrence-abundance relationships. To make full use of extensive
existing species occurrence datasets, future studies should interrogate the conditions under

which occurrences are reliably predictive of more biologically meaningful aspects of invasion.

Finally, future work should focus on identifying non-linearities. We find that the
magnitude (as with consequences of invasion for the density of native species in Chapter 4) and
sign (as with impacts on species richness responses to invasion under changing abiotic stress in
Chapter 3) of global change drivers can be driven by non-linear responses. In this context, it is
notable that many ecological studies investigate the role of global change by pairing affected or
manipulated and control sites. However, ecosystem responses to drivers may respond

differently to variable intensities of global change drivers.

Overall, my thesis contributes to a global understanding of community structure and
ecosystem function by explicitly investigating the effects of two global change drivers in tandem
on native plant communities. Ecosystems worldwide are affected by multiple drivers of change
acting in combination and thus it is important for conservation managers to understand the
implications of these interactions to manage ecosystems effectively to appropriately mitigate,

build resilience, or adapt to changing conditions globally.
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Appendix 1: Supplementary materials to Chapter 2

Trial
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_
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Treatment
date

Not
pollinated
24/01/2018
24/01/2018
24/01/2018
26/01/2018
26/01/2018
2/02/2018
2/02/2018
8/02/2018
8/02/2018
8/02/2018
8/02/2018

Latitude

-39.244135

-39.191417
-39.190239
-39.244746
-39.208999
-39.190077
-39.246393
-39.190918
-39.243987
-39.209008
-39.208923
-39.243699

Longitude
175.73137

175.7611
175.75593
175.73156
175.74733
175.75959
175.72854
175.75616
175.73228
175.74695
175.74728
175.73089

|
Desert Road

o
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Supplementary Figure 1: Timing and location of pollination trials. Trials were carried within five
blocks of land adjacent to Tongariro National Park, New Zealand which are indicated on the
map. The number of each trial at each of these five locations is provided in the legend. Within
each block, trials were separated by a minimum of 500m distance if running concurrently.

Accurate locations of each trial are provided in the table.
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Supplementary Figure 2: Manipulative warming experiment treatment effect: daily mean
temperatures (°C) in experimentally warmed (red) and ambient temperature (blue) plots over
the 2015/2016 austral summer in Tongariro National Park, New Zealand.
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Supplementary Figure 3: First flowering responses of plant species over the 2016/2017 austral
summer to experimental warming. Significant differences between experimentally warmed
(red) and ambient temperature (blue) plots are indicated by an asterisk. Growth form is
denoted in the X axis labels, with woody shrubs and forbs denoted by W and F, respectively.
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Supplementary Figure 4: First flowering responses of plant species over the 2015/2016 austral
summer to experimental warming. Significant differences between experimentally warmed
(red) and ambient temperature (blue) plots are indicated by an asterisk. Growth form is
denoted in the X axis labels, with woody shrubs and forbs denoted by W and F, respectively.
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Supplementary Figure 5: Peak floral abundance responses of plant species to experimental
warming. Significant differences between experimentally warmed (red) and ambient
temperature (blue) plots are indicated by an asterisk. Growth form is denoted in the x-axis
labels, with woody shrubs and forbs denoted by W and F, respectively.
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Supplementary Figure 6: First flowering responses by plant growth form over the 2016/2017
austral summer to experimental warming.No significant differences between experimentally
warmed (red) and ambient temperature (blue) plots were observed.
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Supplementary Figure 7: First flowering responses by plant growth form over the 2015/2016
austral summer to experimental warming. No significant differences between experimentally
warmed (red) and ambient temperature (blue) plots were observed.
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Supplementary Figure 8: Peak floral abundance responses to experimental warming by plant
growth form, in experimentally warmed (red) and ambient temperature (blue) plots over the
2016/2017 austral summer. Significant differences are indicated by an asterisk.
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Supplementary Figure 9: Effects of experimental treatment on seed weight of Dracophyllum
subulatum. Seed weight is logged and adjusted for the effect of plant height. Letters denote

significant differences among treatments.
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Appendix 2: Supplementary materials to Chapter 3 (A)

Supplementary Table 1: Summary of site-specific linear models predicting Calluna vulgaris
biomass (kg m2) based on canopy cover. All linear models had an intercept fixed at 0.

Im Plot F DF DF2 p Slope
1 | Broken Fence 219.7 1 2 0.005 5.28
2 | Cairn 121.3 1 4 <0.001 10.14
3 | Carpark Overview 38.78 1 3 0.008 26.17
4 | Mangatepopo Hut 64.25 1 4 0.001 22.41
5 | Moss Bowl 41.53 1 4 0.003 10.26
6 | Old Road 138.3 1 3 0.001 12.44
7 | Pukeonake Hill 299.7 1 3 <0.001 37.56
8 | Scoria Flats 26.64 1 3 0.014 7.91
9 | Taranaki Falls 128.2 1 4 <0.001 20.24

10 | Waihohonu 41.58 1 4 0.003 19.70

11 | Whakapapa Skifield 227.7 1 4 <0.001 6.56

12 | Whakapapanui Stream  44.99 1 4 0.003 12.30

13 | Whio 122.9 1 4 <0.001 33.75

17 | Low Elevation 165.8 1 11 <0.01 4.57

Supplementary Table 2: The performance of various forms of Generalized Additive Model
(GAM) used to predict native alpine plant species richness at a 1m? and 5m?scales, and the
slope (z) of the Species Area Relationship. Selected models are highlighted in green.

GAM Richness 1m? Richness 5m? z
D? AIC D? AIC D? AIC
Elevation 14.1 335 28.8 36.5 0.00001 127.34
Invader cover 17.4 36.26 19.3 33.07 11.2 130.668
Invader biomass 17.1 36.01 9.35 29.87 8.16 129.73
Elevation + Invader cover 27.8 45.62 33 38.16 11.2 130.667
Elevation x Invader cover 31.3 49.17 443 43.25 16.7 132.446
Elevation + Invader biomass 27.2 45.07 30.3 37.1 8.16 129.73
Elevation x Invader biomass 38.6 57 48.4 45.355 9.85 130.24
Elevation x Invader biomass + Invader cover 36.2 54.28 52.2 47.48 13.8 131.499
Elevation x Invader cover + Invader Biomass 39.7 58.24 443 43.25 16.7 132.446
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Supplementary Figure 10: Effect of elevation (m) on standardized Calluna vulgaris biomass (kg
m-2) in Tongariro National Park, New Zealand. Biomass is corrected for heteroskedasticity using
a box-cox transformation.
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Supplementary Figure 12: Effect of Calluna vulgaris invasion intensity on native alpine plant
species richness; A) hypothesized response across spatial scales; predictions fitted by GAM
regressions: B) effect of biomass at a 1 m? scale; C) effect of canopy cover at a 5 m? scale; D)
effect of canopy cover on the slope (z) of the Species Area Relationship.
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Appendix 3: Supplementary materials to Chapter 3 (B)

Species-specific responses to Calluna vulgaris canopy cover

| presented a version of this work at an international conference in 2018:

Giejsztowt J., Classen, AT. & Deslippe JR. Climate change and weed invasion synergistically affect species richness in
an alpine plant community. Society for Conservation Biology-5th Oceana Congress. Wellington, New Zealand, 2-6
July 2018.

Rationale

Previous work suggests that some native plant species in Tongariro National Park are
particularly vulnerable to, or favoured by, Calluna vulgaris invasion (Rogers and Leathwick
1996). The aim of this body of work was to investigate species-specific responses to C. vulgaris
invasion. We intended to identify species which were particularly negatively affected by C.

vulgaris invasion.
Methodology and Results

This analysis was carried out in a two-step process. First, we investigated the
relationship between C. vulgaris canopy cover and species richness. We identified tipping
points of C. vulgaris cover at which species richness was significantly reduced. Secondly, we ran
a species indicator analysis on the partitions identified in the first step, to see whether species

richness reductions were associated with non-random species loss.

In the first step, the dataset, collected as per the methodology in Chapter 3 was limited
to include only plots within one elevational band, 1066-1181 m a.s.l. to exclude the effects of
elevational gradients. Further, plots with no C. vulgaris were excluded. Finally, we limited the
dataset to only 1m? plots. 60 species were represented in the final dataset. The reduced dataset
(n = 81) was analysed using regression tree analysis in the ‘rpart’ package (Therneau and
Atkinson 2018) in R (R Development Core Team 2016). This technique is a method for the
identification of tipping points (Elith et al. 2008). We identified two tipping points in the

dataset: at 92.5 and 55% C. vulgaris cover (Supplementary Figure 13A and B). The model was
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associated with significant reductions in variance in the dataset (the relative error for a tree
with two splits was 65% of total error). The viability of these tipping points was further
supported with Wilcoxon-signed rank tests using the function ‘wilcox.test’. This test supported
plots within the partition at 55% C. vulgaris cover. The partition at 92.5% had too few data
points above the threshold for the Wilcoxon-signed rank test to be reliable. The mean number
of species in the highest C. vulgaris cover partition (x > 92.5%) was 4, in the intermediate (55 -

92.5%) C. vulgaris cover partition was 8.9 and in the low C. vulgaris partition (< 55%) was 11.2.

In the second step, we used a more comprehensive version of the dataset provided in
Chapter 3, containing the canopy cover (%) of all species. We used the same selection of 1m?
guadrats as above. We assigned the plots to each of the three partitions based on C. vulgaris
canopy cover within that plot and ran a species indicator analysis using the package
‘indicspecies’ (De Caceres and Legendre 2009). We found numerous species which were

significantly associated with one or two of the partitions.

Supplementary Figure 13: Species specific responses to Calluna vulgaris invasion (Next page);
A) form of the regression tree describing native alpine plant richness responses to C. vulgaris
canopy cover; B) plot of richness as a function of C. vulgaris cover, with regression tree
thresholds indicated; C) table of results of the species indicator species analysis, displaying
species which are particularly associated with low or intermediate levels of C. vulgaris cover.
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Dracophyllum recurvum 0.98 0.61 0.780.001 ***
Low C. vulgaris density Epacris alpina 0.85 0.71 0.780.001 ***
Anisotome aromatica 0.83 0.36 0.540.045 *
teptospermum 0.65 0.79  0.720.003 **
scoparium
Intermediate C. vulgaris density Gaultheria depressa 0.86 0.43 0.610.003 **
Rytidiosperma gracilenta  0.70 0.50 0.590.007 **
Gaultheria macrostigma 0.92 0.21 0.450.029 *
Chionochloa rubra 0.98 0.71 0.840.002 **
i k%
Low and intermediate C. vulgaris Pentachondra pumila 0.97 0.64 0.790.004
density Wahlenbergia pygmaea 1 0.43 0.660.024 *
Celmisia gracilenta 1 0.38 0.610.035 *
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Appendix 4: Supplementary materials to Chapter 4

The Future of Our Taonga Tipu ﬂ&

Modelling the vulnerability of culturally important
plant species in Tongariro National Park to global
environmental change

NGATI RAN |“‘\m

Report prepared for Ngati Rangi and the Department of Conservation by Justyna Giejsztowt and Dr Julie Deslippe

Centre for Biodiversity and Restoration Ecology, School of Biological Sciences, Victoria University of Wellington

Executive Summary

Drivers of environmental change, such as climate change and species invasions, can
alter the distribution and density of native plant species, including those that are
culturally important to Maori (taonga tipu).

Species Distribution Models (SDMs) are powerful tools for predicting the impact of
climate change on plant species distributions, but they typically omit the effects of
species interactions and rarely incorporate cultural interests.

Tongariro National Park (TNP) is a UNESCO natural and cultural World Heritage Site that
is subject to a changing climate and the invasion of European heather (Calluna vulgaris
(L.) Hull).

In collaboration with Ngati Rangi, we gathered matauranga Maori via interviews and
identified five taonga tipu.

We surveyed taonga tipu and C. vulgaris in TNP in 490 1m? plots set along elevational
and invasion gradients. Data from field surveys was further bolstered with publicly
available occurrence data to underpin robust SDMs of the climatic tolerances of each
species.

We parameterized pairwise competition between C. vulgaris and each taonga tipu using

Boosted Regression Trees (BRT) of plant densities along the invasion gradient.
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e We then parameterized SDMs of taonga tipu based on both predicted climate scenarios
and predicted C. vulgaris distribution and density in those climates.

e We found that future climates will facilitate both an expansion of the distribution of C.
vulgaris and increasing densities of C. vulgaris in TNP.

e We found these responses of C. vulgaris will lead to reductions in the distribution and
densities of three of the five taonga tipu modelled.

e Further, our models predict no stable or increasing areas of suitable habitat in the
future for any of the five taonga tipu studied.

e We conclude that the interacting drivers of global change can act synergistically to cause
greater reductions in suitable habitats for endemic plant species in TNP. Importantly,
these effects will be most negative for species that are vulnerable to both climate
change and weed invasion.

e Inthe future the conservation of native alpine plants is likely to become an even greater
challenge. We suggest that the conservation prioritization process urgently consider the
effects of the interacting drivers of global change for successful kaitiakitanga of our

taonga tipu.
Aim
To understand how multiple agents of global environmental change (i.e. climate change, weed

invasion) may combine to affect the future distributions of suitable habitats for taonga tipu in

Tongariro National Park.
Methodology
Species selection

Deborah Te Riaki led interviews with pahake and others with mohiotanga pertaining to taonga
tipu. The interview questionnaire and associated documents were approved by the Victoria
Universities’ Human Ethics Committee. Deb selected interviewees and conducted interviews.
Six interviews were transcribed and summarised in a report. With written consent of the

interviewees, we stored the interview recordings in Ngati Rangi archives.
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We created a list of all the plant species mentioned explicitly in the interviews and those which
provided ecosystem services which were important to interviewees. A subset of these species
was associated with alpine environments for which we held preliminary data. We selected plant
species for modelling based on three criteria. Firstly, we were interested in species which were
identified as taonga through the interview process. We prioritised species which were explicitly
mentioned by interviewees and/or if they contribute substantially to an ecosystem service that
was identified as important to the interviewee. Secondly, we chose species which, based on our
preliminary data, appeared vulnerable to either climate change (e.g. strongly associated with
cooler climates) or heather invasion, or both. Thirdly, to ensure that our analyses could apply to
the widest range of plant species, we selected plants with a range of vulnerabilities to heather
and climate and with different growth forms. The species selected for modelling and the

rationale for selecting each is shown in
Supplementary Table 3.

Supplementary Table 3: Rationale for selecting five taonga tipu for modelling in this study.

. Vulnerability to threat )
Species - Evidence of taonga status
Climate change Heather

& Gentian
Gentianella bellidifolia High Moderate Explicitly mentioned by iwi
orb
ed tussock
i Chionochloa rubra Moderate Moderate
Tussock grass
reeping coprosma

Ecosystem structure
important to iwi

Biodiversity and ecosystem
structure important to iwi

i Coprosma perpusilla Moderate High
% Dwarf woody shrub

Biodiversity and ecosystem
structure important to iwi.
This species has as a Maori
name
&7 3 Kopoti Biodiversity important to iwi.
Anisotome aromatica Moderate This species has as a Maori
name

Neinei
S Dracophyllum recurvum Moderate
A Woody shrub

Modelling Climatic Envelopes

Data Sources
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We predicted the potential distributions of C. vulgaris and the five taonga tipu under the
current climate and two future climate scenarios. Future climate projections were made for the
year 2070. We chose to indicate possible future scenarios with two Representative
Concentration Pathways (RCP): 4.5 (an optimistic climate change scenario) and 8.5 (a business-
as-usual climate change scenario), as dependent on political and socio-economic adaptation to

the climate change threat.

“BioClim” raster layers (WorldClim.org) are a set of 19 environmental layers based on observed
data and future climate data based on global circulation model predictions; these were
downloaded at a 30 arcsecond resolution. “Current conditions” are interpolations of observed
data from the years 1960-1990. “Future climatic conditions” were created from “BioClim”
raster layers (WorldClim.org) downloaded at a 30 arcsecond resolution. Our future conditions
were based on five Global Circulation Models (GCMs) chosen from among the forty models
used in the Intergovernmental Panel on Climate Change (IPCC) Fifth Assessment. Model choice
was based on the ability of GCMs to validate accurately on present day data, as well as being as
different as possible to one another in terms of projections (as verified by The National Institute
of Water and Atmospheric Research; NIWA). GCMs selected were HadGEM2-ES (MOHC: UK),
GISS-E2-R (NASA-GISS: USA), GFDL-CM3 (NOAA-GFDL: USA), BCC-CSM1.1 (BCC: China) and
NorESM1-M (NCC: Norway). The climatic predictions from each of the five GCMs were averaged

within each RCP scenario.

Range

The North Island of New Zealand includes many areas which are under intensive productive
management; such landscapes typically have low native plant biodiversity. As this management
is particularly prolific in lowland areas, inclusion of these areas within the calibration range of
the models lead to significant error. Therefore, model calibration for taonga tipu was carried
out within Tongariro National Park (TNP) and several other protected areas on the North Island
(Awarua Conservation Area, Egmont National Park, Kaimanawa Forest Park, Kaweka Forest
Park, Ruahine Forest Park and Tararua Forest Park; Supplementary Figure 14). Boundaries of
calibration ranges were based on the Protected Area Layer, which is derived from the

Landonline Primary Parcel(s) and was retrieved from data.linz.govt.nz in May 2018. Climate
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data were cropped to the extent calibration using ArcMap 10.4.1. A three-kilometre buffer area
outside of these protected areas was included as some vegetation data were collected in
vegetatively similar regions on conservation area peripheries. The climatic envelope of C.
vulgaris was calibrated in New Zealand within TNP only as C. vulgaris has not yet reached
climatic equilibrium in New Zealand outside of this park. The C. vulgaris model was additionally
calibrated across a subset of the native range of C. vulgaris in Europe which is climatically
analogous to New Zealand under present day and predicted future conditions. There were
substantially fewer observations in New Zealand than in Europe, therefore European

observations were down-weighted.

Protected Areas in Calibration Range
[ ] Awarua Conservation Area

[ | Fgmont National Park

:l Kaimanawa Forest Park

:l Kaweka Forest Park

:l Ruahine Forest Park

|| Terarua Forest Park

Tongariro National Park

Supplementary Figure 14: Boundaries of seven protected areas used to calibrate taonga tipu
climate envelope models. The Calluna vulgaris climate envelope model was calibrated within
Tongariro National Park and Europe.
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Predictor variable selection

Predictor variables were selected based on a two-step process. In the first step, variables with
low variability over the calibration range were excluded. In the second stage, collinearity
amongst predictor variables was minimised. We achieved both steps by using Principal
Component Analysis (PCA). Several predictors were excluded based on low variability over the
calibration range (Supplementary Figure 15, indicated by *). For taonga tipu, the remaining
predictors clustered into three distinct groups of collinear variables (Supplementary Figure

15A). These clusters corresponded to:

e Absolute temperature
e Temperature variability

e Precipitation rates

For C. vulgaris, remaining predictors clustered into two groups (Supplementary Figure 15B):

e Temperature variability

e Absolute temperature and precipitation rates (which were inversely correlated).

Finally, variables were excluded based on their importance in explaining patterns of
occurrences for each of the modelled species. We ran a series of preliminary models for each
species, where we initially included all sufficiently variable predictors and excluded one
predictor from each grouping stepwise. At each step we excluded a factor from each grouping
which had the lowest overall importance in explaining the occurrence patterns of each species.
For many species, we removed the final predictor in a grouping if it had very poor explanatory

power.
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Supplementary Figure 15: Principal Component Analysis of WorldClim “bio” predictor variables
for (A) seven protected areas on the North Island of New Zealand (the calibration range for
taonga tipu) and (B) Tongariro National Park (the calibration range for C. vulgaris). Predictors
with low overall variability over each calibration range were excluded and are indicated by *.
Remaining predictors were in groupings which are indicated by t (absolute temperature), At
(temperature variability) and p (precipitation).

177



Pseudo-absence selection

Ten sets of environmentally stratified pseudo-absences were selected within the calibration
range for each species using the BIOMOD?2 package in R. As the calibration range was relatively
small for all species, the number of pseudo-absences generated was equal to the number of

presences used to calibrate the model in each case.

Model algorithm selection

Models were calibrated with a wide variety of algorithms to identify central tendencies in
predictions. The algorithms used were Artificial Neural Network (ANN), Generalized Additive
Model (GAM), Generalized Linear Model (GLM), Multiple Adaptive Regression Splines (MARS),
Random Forest (RF) and Surface Range Envelope (SRE). Each algorithm was run thrice on a
random 80:20 subset of each of the ten pseudo-absence datasets; an additional full model was

run on each dataset. This resulted in 240 individual models for each species.

Model validation

The twenty percent of data excluded from the calibration dataset was used for model
validation (sympatric testing); this was carried out using the Receiver Operating Characteristic
curve (ROC), with ROC > 0.7 considered adequate performance. Additionally, where possible,
models were tested on entirely novel data within an independent geographic range (allopatric
testing) and those with a sensitivity of over 70% considered adequately performing. The
independent testing dataset included bias-corrected (protocol as above) occurrence records on
the South Island but was limited to only geographic areas which were climatically represented
within the training range of each model. This precluded model extrapolation into novel climates

where it is expected that models may under-perform.

Ensemble model building

Individual models which satisfied testing criteria were included in the final model ensemble.
These were combined by mean and weighted according to validation success, using ROC
sympatric testing scores. We transformed probabilistic ensemble model distribution projections
of each taonga tipu and C. vulgaris under the current climate into binary predictions. We used

the ‘roc’ function in the package ‘pROC’ in R to build a ROC curve with probabilistic predictions
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at each of our field survey points as the predictor and true presence/absence data from our
field surveys as the response variable. We chose thresholds from the ‘local maximas’ provided
by pROC, prioritizing sensitivity. The ensemble models of climate prepared for C. vulgaris and
each of the five taonga tipu performed very well, with high ensemble model ROC scores and

with high values of sensitivity and specificity (Supplementary Table 4).

Supplementary Table 4: Model performance for each species.

Calibration ROC of Number of models
Species dataset(n) ensemble Sensitivity Specificity in ensemble
Calluna 10,575 0.934 94.768 99.689 239
vulgaris
Anisotome 283 0.990 93.640 96.393 240
aromatica
Chionochloa 97 0.989 91.751 97.461 239
rubra
Coprosma 61 0.995 98.361 96.281 239
perpusilla
Dracophyllum 232 0.991 94.828 97.860 235
recurvum
Gentainella 165 0.986 92.727 99.103 240
bellidifolia

Responses to heather

The responses of individual taonga tipu to competition with C. vulgaris were investigated using
percentage cover data collected within quadrats across TNP. We subset the total survey data (n
=490) to only include those survey locations where presence was predicted by climate
envelope models for C. vulgaris and each taonga tipu. We excluded plots where C. vulgaris was
absent to decrease the effect of dispersal limitation. The density of taonga tipu, as a function of
the density of the invasive heather within each quadrat was analysed using boosted regression
trees (BRT) in the package ‘gbm’ in R. A typical feature of ecological datasets is non-linear data,
particularly when global environmental change is incorporated. A useful technique to explore
these data is BRT, particularly as it is robust to permutations in the training data. BRTs were
calibrated with a learning rate of 0.01, a bag fraction of 0.5 and a step size of 0.1. As the

purpose of the analysis was to identify thresholds rather than closely model the data, tree
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complexity was set to 1. BRT were generally poorly descriptive, therefore the viability of each
partition identified by the BRT was further supported with Wilcoxon-signed rank tests using the
function ‘wilcox.test’. We expect that the poor descriptive power of our BRT is primarily a result

of zero-inflated data, which is typical of ecological datasets.

Environmental suitability-density relationship

Next, we predicted the area of TNP susceptible to ‘dense’ invasion of C. vulgaris, where ‘dense’
was defined differently for each taonga tipu, depending on that species’ response to C. vulgaris
density as determined by BRT. Upper limits of C. vulgaris density were predicted using the C.
vulgaris climate envelope model. To achieve this, we extracted environmental suitability scores
from the C. vulgaris climate envelope model for all quadrat locations. We derived a series of
relationships between C. vulgaris environmental suitability and percentage cover using
quantile-regression in the ‘quantreg’ package v 5.36. We calculated regressions for the 50",
60t™, 70t™, 80", 90", and 97" quantiles. We determined standard error for each quantile using
200 bootstraps and calculated Nagelkerke’s r? to estimate predictive power, using the ‘rg’
function in the package ‘rcompanion’, v 1.13.2. Both least squares regression and all quantile
regressions showed a positive relationship between predicted environmental suitability and C.
vulgaris density (Supplementary Figure 16A). However, explanatory power was highest for
upper quantiles: at the 90" percentile, 65% of variance in C. vulgaris density was explained by
predicted environmental suitability, significantly more than the 20% explained by ordinary least
squares regression (t = 10.84, p < 0.001; Supplementary Figure 16B). We therefore used the

90t quantile regression to predict potential C. vulgaris densities across TNP.
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Supplementary Figure 16: Performance of quantile regression in predictive Calluna vulgaris
percentage cover as a function of environmental suitability: A) Percentage cover of C. vulgaris
as a function of environmental suitability, as predicted by an ensemble climatic model. Data are
presented together with relationship estimates by ordinary least squares regression (red) and
97th, 90th, 80th, 70th, 60™" and 50" quantile regressions (grey and black); and B) performance
of six quantile regressions in predicting percentage cover of C. vulgaris as a function of
environmental suitability in Tongariro National Park.
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We transformed climate model projections of C. vulgaris distributions under the current and
future climates into three partitions, based on two thresholds. The purpose of this first partition
was to delineate areas in which C. vulgaris does and does not occur. The first partition was
based on ROC curves, as described above. The purpose of the second partition was to delineate
areas in which it is possible for C. vulgaris to reach high densities that are associated with
depressed densities of each taonga tipu. To achieve this, we used the ‘predict.rq’ function in
the ‘quantreg’ package to predict the environmental suitability value associated with the C.
vulgaris density threshold identified by BRT. Finally, we overlaid taonga tipu spatial projections
with spatial projections of C. vulgaris in each climate scenario. We calculated the proportion of

TNP land area corresponding to each combination of predictions for the two species.

Predictions

European Heather- Calluna vulgaris

Calluna vulgaris was most responsive to
temperature variables, with mean summertime
temperatures being the most important predictor of
its distribution. The species is environmentally
excluded where the mean summertime temperature
is below 12°C. Temperature variability across the day

also explained some of its distribution, with areas

which change by more than 9.9°C across a day being

unsuitable (
Supplementary Table 5).
Supplementary Table 5: Environmental predictors used to calibrate the climatic model for

Calluna vulgaris together with their relative importance and the role they play in limiting the
distribution of this species.

Variable Code Importance | Lower limit | Upper limit
Mean Diurnal Temperature Range Bio 2 |0.13 Unknown 9.9°C
Mean Temperature - Warmest Quarter | Bio_10 | 0.93 12°C 20°C
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Distribution change

The geographic area of TNP which is climatically suitable for C. vulgaris is indicated in
Supplementary Figure 17. By the year 2070, we expect the climate to facilitate the movement
of C. vulgaris to higher elevations in TNP. This trend holds true for both moderate and severe
climate scenarios, however the elevational expansion predicted for C. vulgaris is larger under
the more severe climate scenario. This prediction means that in the future, a larger area of TNP

will be climatically suitable for the species.

Current Climate Climate in 2070- Climate in 2070-
RCP 4.5 (moderate emissions) RCP 8.5 (severe emissions)

Supplementary Figure 17: 100%
Climatic suitability of Tongariro
National Park (TNP) for Calluna 80%
vulgaris under the current
climate, and two climate
scenarios for the year 2070. 60%
Yellow and blue areas in the
maps above indicate areas which 40%
are climatically suitable and
unsuitable for the species,
respectively. The boundaries of 20%
TNP are indicated in each of the
three maps by a dark black 0% [ ] —
outline and are presented Current RCP 4.5 RCP 8.5
together with contour lines km?2 climate
(grey). The bar chart indicates the Future Climate
proportion of TNP with Climate suitable 586.3 740.3 769.9
un/syltable climate for this [ | Cllmate 209.7 557 6.1
species. unsuitable
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Anisotome aromatica- Kopoti

Response to climate

Anisotome aromatica was most responsive to

temperature and water variables, with mean winter
temperature and precipitation of the wettest week
being the most important predictors of the species’
distribution. The species is environmentally excluded
where the mean winter temperature is more than

6.5°C, or where precipitation of the wettest week is

less than 200mm (Supplementary Table 6).

Supplementary Table 6: Environmental predictors used to calibrate the climatic model for
Anisotome aromatica together with their relative importance and the role they play in limiting

the distribution of this species.

Variable Code Importance | Lower limit | Upper limit
Mean Temperature - Coldest Quarter | Bio_11 | 0.89 Unknown 6.5°C
Precipitation - Wettest Week Bio_13 | 0.15 200mm Unknown

Response to heather

The density of A. aromatica is negatively associated with increasing C. vulgaris cover

(Supplementary Figure 18). Plots with a C. vulgaris density of more than 82.5% support

significantly less A. aromatica than plots with no C. vulgaris. Plots above this threshold had an

average A. aromatica cover of 0.06% cover, in comparison with plots where C. vulgaris is absent

which had an average A. aromatica cover of 0.80% (W = 2652, p < 0.001). This 13-fold decrease

in average A. aromatica cover is a very strong response to high C. vulgaris densities.
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Supplementary Figure 18: The percentage cover of Anisotome aromatica decreases with
increasing percentage cover of Calluna vulgaris across plots in Tongariro National Park. The
data is presented together with the most significant threshold in the relationship (at 82.5% C.
vulgaris cover), as identified by Boosted Regression Tree analysis.

Distribution change

We expect a large reduction in the distribution of A. aromatica under both future climate
scenarios relative to its current day distribution (Supplementary Figure 19). This reduction is
driven by both the influence of a changing climate acting directly on A. aromatica as well as the
uphill movement of C. vulgaris in response to these climatic changes. Within the geographic
space where we expect A. aromatica and C. vulgaris to co-occur, we expect that under all
climatic conditions, the majority of space will be climatically suitable for C. vulgaris to form very

high-density patches which are associated with large declines in A. aromatica populations.
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Current Climate

Supplementary Figure 19: Climatic suitability
of Tongariro National Park (TNP) for
Anisotome aromatica and the space within
which it interacts with Calluna vulgaris under
the current climate, and two climate
scenarios for the year 2070. Blue indicates
areas which are climatically unsuitable for A.
aromatica. Green areas indicate spaces
within which A. aromatica may co-occur with
C. vulgaris. Dark green indicates areas where
the climate is sufficiently suitable for C.
vulgaris to reach densities of more than
82.5% and may lead to serious decreases in
the density of A. aromatica; light green areas
indicate marginal habitats for C. vulgaris
which will not significantly impact A.
aromatica. Yellow areas indicate spaces in
which the climate is suitable for A. aromatica
but not for C. vulgaris. The boundaries of TNP
are indicated in each of the three maps by a
dark black outline and are presented together
with contour lines (grey). The bar chart
guantifies the space within each category
(km?).
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Chionochloa rubra- Red Tussock
Response to climate

Chionochloa rubra was most responsive to temperature and
water variables, with mean temperature and total precipitation
of the wettest quarter of the year being the most important
predictors of the species’ distribution. The species is
environmentally excluded where the mean temperature of the

wettest season is more than 6.5°C, or where precipitation is less

than 600mm (Supplementary Table 7).

Supplementary Table 7: Environmental predictors used to calibrate the climatic model for
Chionochloa rubra together with their relative importance and the role they play in limiting the
distribution of this species.

Variable Code Importance | Lower limit | Upper limit
Mean Temperature - Wettest Quarter | Bio_8 0.87 Unknown 6.5°C
Precipitation - Wettest Quarter Bio_16 | 0.15 600mm Unknown

Response to heather

The density of C. rubra is negatively associated with increasing C. vulgaris cover (

Supplementary Figure 20). Plots with a C. vulgaris density of more than 77.5% support
significantly less C. rubra than plots with no C. vulgaris. Plots above this C. vulgaris threshold
had an average C. rubra cover of 0.84% cover, in comparison with plots where C. vulgaris is
absent which had an average C. rubra cover of 6.04 (W = 1087, p = 0.01). This 8-fold decrease in
average C. rubra cover is a strong response to high C. vulgaris densities. This supports previous
observational data which indicates that the expansion of dense C. vulgaris leads to drastic

declines in C. rubra density within TNP.
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Supplementary Figure 20: The percentage cover of Chionochloa rubra decreases with
increasing percentage cover of Calluna vulgaris across plots in Tongariro National Park. The
data is presented together with the most significant threshold in the relationship (at 77% C.
vulgaris cover), as identified by Boosted Regression Tree analysis.

Distribution change

We expect a large reduction in the distribution of C. rubra under both future climate scenarios
relative to its current day distribution (Supplementary Figure 21). This reduction is driven by
both the influence of a changing climate acting directly on C. rubra as well as the uphill
movement of C. vulgaris in response to these climatic changes. Within the geographic space
where we expect C. rubra and C. vulgaris to co-occur, we expect that under all climatic
conditions, the vast majority of space will be climatically suitable for C. vulgaris to form very

high-density patches which are associated with large declines in C. rubra populations.
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Supplementary Figure 21: Climatic
suitability of Tongariro National Park (TNP)
for Chionochloa rubra and the space within
which it interacts with Calluna vulgaris
under the current climate, and two climate
scenarios for the year 2070. Blue indicates
areas which are climatically unsuitable for C.
rubra. Green areas indicate spaces within
which C. rubra may co-occur with C.
vulgaris. Dark green indicates areas where
the climate is sufficiently suitable for C.
vulgaris to reach densities of more than 77%
and may lead to significant decreases in the
density of C. rubra; light green areas
indicate marginal habitats for C. vulgaris
where it will not significantly impact C.
rubra. Yellow areas indicate spaces in which
the climate is suitable for C. rubra but not
for C. vulgaris. The boundaries of TNP are
indicated in each of the three maps by a
dark black outline and are presented
together with contour lines (grey). The bar
chart quantifies the space within each
category (km?).
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Coprosma perpusilla- Creeping coprosma

Response to climate

Coprosma perpusilla was most responsive to
temperature and water variables, with mean daily
temperature range and annual precipitation being
the most important predictors of the species’
distribution. The species is environmentally excluded

where the mean daily temperature range is more

than 9.5°C, or where annual precipitation is less than

2000mm (Supplementary Table 8).

Supplementary Table 8: Environmental predictors used to calibrate the climatic model for
Coprosma perpusilla together with their relative importance and the role they play in limiting
the distribution of this species.

Variable Code Importance | Lower limit | Upper limit
Mean Diurnal Temperature Range | Bio_2 0.29 Unknown 9.5°C
Annual Precipitation Bio_12 | 0.82 2000mm Unknown

Response to heather

The density of C. perpusilla is negatively associated with increasing C. vulgaris cover
(Supplementary Figure 22). Plots with a C. vulgaris density of more than 65% support
significantly less C. perpusilla than plots with no C. vulgaris. Plots above this threshold had an
average C. perpusilla cover of 0.38% cover, in comparison with plots where C. vulgaris is absent
which had an average C. perpusilla cover of 0.93% (W = 2652, p < 0.001). This 2-fold decrease in

average C. perpusilla cover is a response to medium and high C. vulgaris densities.
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Supplementary Figure 22: The percentage cover of Coprosma perpusilla decreases with
increasing percentage cover of Calluna vulgaris across plots in Tongariro National Park. The
data is presented together with the most significant threshold in the relationship (at 77% C.
vulgaris cover), as identified by Boosted Regression Tree analysis.

Distribution change

We expect a large reduction in the distribution of C. perpusilla under both future climate
scenarios relative to its current day distribution (Supplementary Figure 23). This reduction is
driven primarily by the uphill movement of C. vulgaris in response to these climatic changes.
Within the geographic space where we expect C. perpusilla and C. vulgaris to co-occur, we
expect that under all climatic conditions, the vast majority of space will be climatically suitable
for C. vulgaris to form very high-density patches which are associated with large declines in C.

perpusilla populations.
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Current Climate

Supplementary Figure 23: Climatic suitability
of Tongariro National Park (TNP) for
Coprosma perpusilla and the space within
which it interacts with Calluna vulgaris under
the current climate, and two climate
scenarios for the year 2070. Blue indicates
areas which are climatically unsuitable for C.
perpusilla. Green areas indicate spaces within
which C. perpusilla may co-occur with C.
vulgaris. Dark green indicates areas where
the climate is sufficiently suitable for C.
vulgaris to reach densities of more than 77%
and may lead to serious decreases in the
density of C. perpusilla; light green areas
indicate marginal habitats for C. vulgaris will
it will not significantly impact C. perpusilla.
Yellow areas indicate spaces in which the
climate is suitable for C. perpusilla but not for
C. vulgaris. The boundaries of TNP are
indicated in each of the three maps by a dark
black outline and are presented together
with contour lines (grey). The bar chart
guantifies the space within each category
(km?).
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Dracophyllum recurvum- Curly Leaved Nei-Nei
Response to climate

Dracophyllum recurvum was most
responsive to temperature and
temperature variability, with temperature
seasonality and mean temperature of the
coldest quarter being the most important
predictors of the species’ distribution. The
species is environmentally excluded where
the temperature seasonality is less than
36°C, or where mean temperature of the

coldest quarter is more than 5°C

(Supplementary Table 9).

Supplementary Table 9: Environmental predictors used to calibrate the climatic model for
Dracophyllum recurvum together with their relative importance and the role they play in
limiting the distribution of this species.

Variable Code Importance | Lower limit | Upper limit
Temperature Seasonality Bio_4 0.46 36°C Unknown
Mean Temperature-Coldest Quarter | Bio_11 | 0.57 Unknown 5°C

Response to heather

The density of D. recurvum is does not significantly change with increasing C. vulgaris cover
(Supplementary Figure 24). Two thresholds (10 and 22.5 %) were identified by Boosted

Regression Tree, however, neither was statistically supported.

193



o - o |
i |
1 |
1 |
i 1 |
1M 1 |
3 9 | | .
[ ] | 1
1 |
& . !
g : |
g%— ¢ | | )
3 i |
@ e e .
F: 1 |
SR
2 . | i
& : | . o o
T 24 e ¢ o .
3 | o .
1 L I
W ¢ \ 8 +» *
e e $ s. . © ¢
o+ % 4 8 le $ . ¢ H o *
| [ | [ |
0 20 40 60 80

Calluna vulgaris (% cover)

Supplementary Figure 24: The percentage cover of Dracophyllum recurvum is unaffected by the
percentage cover of Calluna vulgaris across plots in Tongariro National Park. The data is
presented together with the most significant thresholds in the relationship (at 10 and 22.5% C.
vulgaris cover), as identified by Boosted Regression Tree analysis however these were not
significant.

Distribution change

We expect a large reduction in the distribution of D. recurvum under both future climate
scenarios relative to its current day distribution (Supplementary Figure 25). This reduction is
driven primarily by the influence of a changing climate acting directly on D. recurvum. We
expect D. recurvum and C. vulgaris to co-occur under all climate scenarios, however we do not

record any competitive impact of this co-occurrence on the density of D. recurvum.
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Current Climate

Supplementary Figure 25: Climatic
suitability of Tongariro National Park
(TNP) for Dracophyllum recurvum and
the space within which it interacts
with Calluna vulgaris under the
current climate, and two climate
scenarios for the year 2070. Blue
indicates areas which are climatically
unsuitable for D. recurvum. Green
areas indicate spaces within which D.
recurvum may co-occur with C.
vulgaris, although this co-occurrence
is unlikely to significantly impact D.
subulatum. Yellow areas indicate
spaces in which the climate is suitable
for D. recurvum but not for C.
vulgaris. The boundaries of TNP are
indicated in each of the three maps
by a dark black outline and are
presented together with contour lines
(grey). The bar chart quantifies the
space within each category (km?).
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Gentianella bellidifolia- Gentian

Response to climate

The Gentianella bellidifolia was most
responsive to temperature and
temperature variability, with annual mean
temperature and mean diurnal
temperature range being the most
important predictors of the species’
distribution. The species is environmentally

excluded where the annual mean

temperature is more than 10°C, or where
mean diurnal temperature range is more than 9.5°C or less than 8.5°C (Supplementary Table

10).

Supplementary Table 10: Environmental predictors used to calibrate the climatic model for
Gentainella bellidifolia together with their relative importance and the role they play in limiting
the distribution of this species.

Variable Code | Importance | Lower limit Upper limit
Annual Mean Temperature Bio_1 | 0.67 Unknown 10°C
Mean Diurnal Temperature Range | Bio_2 | 0.41 8.5°C 9.5°C

Response to heather

The density of G. bellidifolia is does not significantly change with increasing C. vulgaris cover
(Supplementary Figure 26). A threshold (10%) was identified by Boosted Regression Tree,

however it was not statistically supported.
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Supplementary Figure 26: The percentage cover of Gentianella bellidifolia is unaffected by the
percentage cover of Calluna vulgaris across plots in Tongariro National Park. The data is
presented together with the most significant threshold in the relationship (at 10% C. vulgaris
cover), as identified by Boosted Regression Tree analysis however it was not significant .

Distribution change

We expect a large reduction in the distribution of G. bellidifolia under both future climate
scenarios relative to its current day distribution (Supplementary Figure 27). This reduction is
driven primarily by the influence of a changing climate acting directly on G. bellidifolia. We
expect G. bellidifolia and C. vulgaris to co-occur under all climate scenarios, however we do not

record any competitive impact of this co-occurrence on the density of G. bellidifolia.
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Available habitat for Taonga Tipu in the future

The taonga tipu responded idiosyncratically to the relative importance of C. vulgaris invasion
and climate change. For example, the direct effects of climate change were important in
reducing the habitat available for the high-alpine herb Gentianella bellidifolia and Dracophyllum
recurvum, while increases in the distribution and abundance of C. vulgaris were more
important in driving the declines of the three other species modelled. Despite this, our models
predict universally smaller areas of suitable habitat within TNP, for all five species.
Supplementary Figure 28 summarises the combined effects of climate change and predicted
changes in C. vulgaris distributions and densities on the area of suitable habitat in TNP in 2070,

for the 5 species.
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Supplementary Figure 28: Modelled suitable habitat area for five taonga tipu (sacred plants) in
Tongariro National Park under current climate and two climate scenarios, RCP 4.5 (moderate
emissions) and RCP 8.5 (severe emissions), for the year 2070.

The overall change in land area that is likely to be available to taonga tipu in TNP in the future
represent substantial reductions in the amount of currently available habitat. Supplementary
Table 11 contrasts the currently available habitat in TNP for taonga tipu with our predictions for

the year 2070, under RCP 8.5, the “business as usual” CO, emissions scenario.
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Supplementary Table 11: Area of Tongariro National Park (796 km? total) that is predicted to be
currently habitable by five alpine taonga tipu species and that will be habitable under climatic
predictions for 2070 (IPCC RCP 8.5).

Current available Available habitat in
Species  habitat (km?) 2070 RCP8.5 (km?)

Anisotome aromatica 523.8 59.9
Chionochloa rubra 195.9 11.0
Coprosma perpusilla 225.9 33.1
Dracophyllum recurvum 528.8 176.8
Gentianella bellidifolia 443.3 96.3
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Discussion

In this study, we developed a novel modelling approach that allowed us to assess how both the
direct impacts of climate change, as well as the changing geographic distribution and density

of the invasive European heather (Calluna vulgaris (L.) Hull), are likely to affect the distributions
and densities of five taonga tipu. To our knowledge, our study is the first to incorporate the
density of an invasive species into predictions native species distributions in the future. As such,
it significantly advances understanding of the combined effects of multiple drivers of global

change on New Zealand’s taonga.

We found that future climates will facilitate both an expansion of the geographic distribution
and higher densities of C. vulgaris in TNP. For example, under RCP 8.5, which represents
“business as usual” CO, emissions in the year 2070, only 3% (26 km?) of TNP will remain
climatically unsuitable for C. vulgaris. This represents an 8-fold decrease in the land area in TNP
that currently acts as a C. vulgaris-free refuge for our native biodiversity, including taonga tipu.
In contrast, future climates lead to dramatic declines in the availability of suitable habitats for
our native alpine taonga tipu. For example, under RCP 8.5, we expect a drastic decrease in the

land area that is climatically suitable for A. aromatica (from 524 km?to only 60 km? in 2070).

Perhaps most importantly, our research reveals a synergism between C. vulgaris invasion and
climate warming is highly likely to lead to enhanced negative consequences for some alpine
plants. We demonstrate that the most dramatic reductions in future suitable habitats occur for
species that are sensitive to multiple agents of global change. For example, the indirect effects
of increased competition of C. vulgaris on Chionochloa rubra under a warmer climate were
large; incorporation of C. vulgaris effects in our models reduced the habitable areas for C. rubra
by nearly two orders of magnitude (17.8-fold; from currently 195.9 km? to only 11.0 km?). We
suggest that 11km? of suitable habitat for the structurally and ecologically important tussock
grass C. rubra is of serious concern for management of native biodiversity in TNP. Notably, our
finding that species which are sensitive to multiple agents of global change are likely to
experience the most dramatic reductions in suitable habitats is likely to be general in nature.

This means that conservation managers throughout Aotearoa would be well-advised to
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prioritise management actions for plant species that are susceptible to multiple drivers of

global change.

In addition to their cultural values, the taonga tipu modelled here represent a wide-range of
taxa with unique growth forms, microhabitat preferences and ecologies within the alpine zone.
Given the universally negative response of these species to the biotic and abiotic conditions
that are likely to prevail in TNP in the future, our results suggest that the conservation of many
native alpine plants is likely to become an even greater challenge in the future. Given the
exceptional value TNP holds for New Zealand as a United Nations Educational, Scientific and
Cultural Organization (UNESCO) Natural and Cultural World Heritage Site, as well as the
importance of the New Zealand’s alpine zones as hotspots of endemic biodiversity, these
results suggest that conservation management of the park must urgently consider the impacts
of multiple drivers of global change acting interactively on the resilience and integrity of our

taonga.
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Appendix 5: Supplementary materials to Chapter 5
Climatic predictors selected a priori to calibrate preliminary climatic envelope models

* Indicates inclusion in final calibrated model

BIO1 = Annual Mean Temperature *

BIO2 = Mean Diurnal Range (Mean of monthly (max temp - min temp))

BIOS5 = Max Temperature of Warmest Month *
BIO6 = Min Temperature of Coldest Month *
BIO12 = Annual Precipitation *

BIO16 = Precipitation of Wettest Quarter
BIO17 = Precipitation of Driest Quarter

Vegetative cover classes deemed vulnerable to invasion by Calluna vulgaris in New Zealand

LN AWNRE

NNNNNNNNRRRRRRRRRR
NoOouUubsWNROWOLONOODULDEWNERO

Improved pasture

Short tussock grassland

Broadleaved forest and scrub

Snow tussock grassland

Mixed indigenous scrub

Red tussock grassland

Urban

Pasture and broadleaved forest

Grassland and Leptospermum scrub or fern

. Grassland and Dracophyllum scrub

. Tussock grassland and subalpine scrub

. Subalpine scrub

. Podocarp-broadleaf beech forest and scrub
. Grassland and gorse scrub

. Horticultural crops and pasture

. Beech forest and scrub

. Beech-broadleaf forest and scrub

. Exotic forest and scrub

. Gorse Scrub

. Grassland and Cassina scrub

. Grassland and matagouri

. Grassland and mixed indigenous scrub

. Grassland and sweet briar and matagouri

. Kauri and Leptospermum or mixed indigenous scrub
. Leptospermum scrub or fern

. Orchard or vineyards and pasture

. Pasture and beech or Podocarp forest
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Vegetative cover classes deemed unavailable to C. vulgaris in New Zealand

28.
29.
30.
31.
32.
33.
34.
35.
36.

1.

LN U A WN

PR R R R R R
O WNRO

Pasture and exotic forest

Pasture and Podocarp-broadleaf forest
Podocarp-broadleaved-beech forest and scrub
Short tussock-snow tussock

Subalpine or alpine herbfield

Sub-alpine scrub and indigenous forest

Tussock grassland and beech forest

Tussock grassland and Podocarp-broadleaved forest
Unimproved pasture

Beech forest

Broadleaved forest

Broadleaved forest and scrub

Exotic forest

Highland podocarp-broadleaved forest
Highland podocarp-broadleaved-beech forest
Ice

Lake

Lowland podocarp-broadleaved forest

. Lowland podocarp-broadleaved-beech forest
. None

. Pakihi heartland communities

. Podocarp forest

. River

. Sand-dune communities

. Wetland communities

Ericaceous species used to map possible mycorrhizal fungal presence
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Dracophyllum kirkii
Dracophyllum latifolium
Dracophyllum lessonianum
Dracophyllum longifolium
Dracophyllum menziesii
Dracophyllum pronum
Dracophyllum recurvum
Dracophyllum rosmarinifolium
Dracophyllum sinclairii

. Dracophyllum strictum

. Dracophyllum subulatum
. Dracophyllum traversii

. Dracophyllum uniflorum



14. Dracophyllum urvilleanum
15. Dracophyllum viride

16. Epacris pauciflora

17. Erica lusitanica

18. Gaultheria depressa

19. Leucopogon fraseri

20. Pentachondra pumila
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